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ABSTRACT 
 
A continuous-flow system composed of two anaerobic bioreactor (ABR) columns 
(based on engineered wetland systems) connected in series was tested to observe the 
ability of such a system to treat multiple volatile organic compounds (VOCs) possessing 
suspected inhibitory effects on the dechlorination of other compounds with cis-1,2-
dichloroethylene (cDCE) and 1,1-dichloroethane (1,1-DCA) as the main test chemicals. 
Following the establishment of cDCE and 1,1-DCA dechlorinating ability at baseline 
conditions, system perturbations of breakthrough and starvation were conducted to 
measure the response and recovery of the system dechlorination. In all column 
experiments, it was observed cDCE dechlorination inhibited the dechlorination of 1,1-
DCA and that 1,1-DCA dechlorination proceeded only when cDCE had been degraded to 
ethene. The largest 1,1-DCA dechlorination was observed near the effluent of the second 
ABR due to conditions favoring a higher population of 1,1-DCA degrading bacteria. 
Core samples taken near the influent and effluent zones of the second ABR were 
tested on the ability to dechlorinate cDCE and 1,1-DCA to investigate the spatial 
distribution of dechlorinating bacteria as a function of depth and to determine the 
possible mechanisms behind the inhibition of 1,1-DCA degradation. From the core 
samples, a relationship between 1,1-DCA dechlorination and methanogenesis was 
observed which suggested the inhibition of 1,1-DCA observed in the column experiments 
may have been a result of hydrogen drawdown caused by cDCE dechlorination. 
Degradation rate constants of cDCE were found to be equal for both cores suggesting a 
heterogenic distribution of cDCE-degrading bacteria throughout the column, and that the 
bacteria responsible for cDCE dechlorination were resistant to adverse conditions. 
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CHAPTER 1: INTRODUCTION 
 
1.1 Introduction, Site Background, and Purpose of Study 
Clean groundwater is essential to meet public, agricultural, and industrial 
demands; however, groundwater contamination has become a prevalent concern in many 
regions located throughout the United States. Due to lack of industrial understanding and 
non-existent environmental laws at the time, companies both deliberately (e.g. 
agricultural applications, improper disposal) or unknowingly polluted adjacent 
groundwater aquifers until the 1970s. It was only through public awareness and through 
the creation of environmental bills such as the Comprehensive Environmental Response, 
Compensation and Liability Act (Superfund) that emphasis was placed upon appropriate 
chemical disposal practices. Through new stringent laws, clean-up efforts were ordered 
for previously contaminated groundwater sources that threatened human health or the 
environmental well-being.  
A large proportion of the main constituents of most groundwater contamination 
have been found to be volatile organic compounds (VOCs) in the form of chlorinated 
hydrocarbons. Used in industry as pesticides, insulators, degreasers, and solvents, many 
of the chlorinated compounds possess suspected carcinogenic effects to humans and toxic 
effects to the environment (Henschler, 1994). Due to their general insolubility in water, 
chlorinated solvents often exist as non-aqueous phase liquids (NAPLs) in many aquifers 
and although are capable of being biologically or abiotically degraded, can prove to be 
recalcitrant to natural degradation. 
Previous strategies for groundwater remediation focused on pump-and-treat 
methods in which a system of wells is used to pump water to the surface where a 
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treatment facility treats the extracted water through the use of chemical reactions, 
physical means such as granular activated carbon adsorption, or volatilization 
(Committee on In Situ Bioremediation, 1993). Although occasionally successful in 
controlling contaminant migration, this system proved to have treatability limitations and 
high costs of operation. Studies on the pump-and-treat method showed that as many of 
the common contaminants became trapped in the subsurface, completely flushing them 
out required large volumes of water over long periods of time.  
As remediation technology advanced, the costs associated with energy and 
chemicals usage led to the development of different approaches with methods utilizing 
transformation reactions due to bacteria showing relative success. Engineered wetland 
systems (EWS), which mimic conditions found at natural wetlands through the creation 
of underground trenches filled with highly-organic, saturated soil mixtures, have proven 
to be successful at the pilot and full-scale level when treating chlorinated solvents and 
chlorinated solvent mixtures (Kassenga et al., 2003; Amon et al., 2007; Imfeld et al., 
2008, 2009, 2010).  However, inhibition effects have been observed when different 
classes of chlorinated hydrocarbons are present (Kassenga et al., 2003, 2004, 2006; 
Grostern et al., 2006, 2009) which can often lead to undesirable degradation rates and 
incomplete dechlorination. Therefore, new design methods which can minimize 
inhibitory reactions are one of the next progressive steps for bioremediation technology. 
One of prospective new methods is to utilize separate, sequential bioremediation beds to 
create multiple zones of bioremediation. 
The Resolve, Inc., Superfund site, a former waste chemical reclamation facility, 
recently switched from a pump and treat remediation method to a system based on EWS 
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technology for improved compound degradation efficiency and to produce a more 
sustainable footprint. The new remediation plan utilizes two saturated trenches connected 
in series with each trench composed of a peat and sand mixture and transforms the 
chlorinated contaminants to lesser-chlorinated compounds through appropriate bacteria. 
The parent compounds currently of interest for the Superfund site are cis-1,2-
dichloroethylene (cDCE) and 1,1-dichloroethane (1,1-DCA). 
Chloroethane studies have been performed on compounds such as 1,1,2,2-
Tetrachloroethane (1,1,2,2-TeCA), 1,1,1-Trichloroethane (1,1,1-TCA), and 1,2-
Dichloroethane (1,2-DCA); However, there is a prevalent gap in the scientific community 
regarding research on 1,1-DCA in field, pilot, and column environments. Except for a 
few microcosm studies discussing 1,1-DCA and its formation as a daughter product of 
1,1,1-TCA dechlorination and the role 1,1-DCA has on chloroethene degradation 
inhibition, much research work is need to characterize the dechlorination of 1,1-DCA in 
continuous-flow conditions. Characterization regarding reaction rates, favorable 
environmental conditions, compound interaction, and daughter product formation as well 
as other factors on 1,1-DCA transformation are needed for further predicting the behavior 
of this compound at many contaminated sites. 
Site History 
Situated in North Dartmouth, Massachusetts, the Resolve Superfund site is a 
former waste chemical reclamation facility that handled a variety of hazardous materials 
from 1956 to 1980. Residues from the distillation tower, liquid sludge waste, and leftover 
solvents were disposed of in four on-site, unlined lagoons. The bottoms of the unlined 
lagoons are situated in the area’s water table, and it has been recorded that disposed 
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chemicals from these lagoons have migrated to the groundwater and its surrounding 
sediments. The EPA is concerned the contaminants may move off site through 
groundwater and surface run-off. 
Since the closing of the facility, multiple remediation approaches have been 
attempted. In 1985, the contents of the four unlined lagoons and other contaminated areas 
were removed for disposal off-site, and the area was capped to prevent any surface re-
contamination. Following this approach, additional soil excavations were performed 
where the contaminated soil was treated on site through dechlorination and backfilled. 
However, with the discovery of Dense Non-Aqueous Phase Liquids (DNAPLs), a new 
solution was created in 1998 consisting of a two-tier groundwater extraction, 
containment, and treatment system. The first tier of extraction wells were used to prevent 
the movement of the contaminants whereas the second tier was used for treatment. 
Although successful in meeting discharge criteria, the system was designed before new 
technologies had emerged that were both more sustainable and economical. To test for 
methods incorporating technologies not relying on large amounts of chemicals or energy 
inputs, the ReSolve Site Group created a pilot-scale study in 2002 utilizing an anaerobic 
bioreactor system. The positive results of the pilot-scale study allowed for the creation of 
a full-scale system to be used at the site. 
Anaerobic Bioreactors   
The new treatment system, utilizing anaerobic bioreactors (ABRs), consists of 
two beds constructed of a mixture of organic peat and sand. The natural system is built 
into the ground and its boundaries are constrained via an impermeable membrane. 
Groundwater is pumped into the top of the beds and percolates downward due to gravity. 
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While percolating downward, the VOCs of interest are adsorbed to the organic peat/sand 
media thereby increasing the detention time of the contaminants in the system. Anaerobic 
microbes located throughout the beds dechlorinate the contaminants in a process termed 
reductive dechlorination. Through metabolic processes, the contaminants are transformed 
into lesser-chlorinated compounds ethene and chloroethane. It is intended for the first bed 
to primarily treat cDCE and the second bed to primarily treat the remaining 1,1-DCA. 
Drains located in the bottoms of the beds collect the treated groundwater and discharge 
the water into a local river. Two feet of cover material has been placed on top of the beds 
to minimize volatilization of the compounds. 
Purpose of the Study 
This paper is meant to further research regarding the effectiveness of utilizing 
sequential ABRs for dechlorinating compounds cDCE and 1,1-DCA. A continuous-flow 
system composed of two columns connected in series, based upon the Resolve Inc. 
Superfund site, was constructed and tested to observe the ability of such a system to treat 
multiple contaminants possessing suspected inhibitory effects on the dechlorination of 
other compounds. Perturbations including contaminant breakthrough and microbial 
starvation were subjected to the system to test the robustness and recovery of such a 
system (Chapter 2).  
Following the perturbations, core samples were gathered at regions of highest 
cDCE and highest 1,1-DCA dechlorination to identify if a heterogeneous distribution of 
microorganisms was present throughout the columns and to verify if the slow degradation 
rate of 1,1-DCA was a cause of chloroethene presence or if other factors where the 
underlying cause (Chapter 3).  
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1.2 Literature Review 
Reductive Dechlorination of VOCs via Dehalococcoides and Dehalobacter 
After accounting for small decreases in contamination concentration due to 
abiotic mechanisms such as sorption to soil sediments, the primary mechanism for the 
removal of chlorinated solvents seen at many contaminated sites is microbial metabolic 
activity. In typical anaerobic bioremediation systems, the mediating bacteria utilize the 
chlorinated solvent present as an electron acceptor and replace one of more chlorine 
molecules with hydrogen, thus reducing the solvent. The hydrogen is supplied indirectly 
from the fermentation of organic substrates and serves as the electron donor in chemical 
reduction-oxidation (redox) reactions. 
The transformation from parent chloroethene and chloroethane compounds to 
lower-chlorinated daughter compounds through biotic means is dependent on many 
factors such as temperature, pH, microbial population concentrations, electron acceptors, 
electron donors, carbon availability, dissolved oxygen concentrations, alkalinity, and the 
presence of other compounds located in the system that may affect microbial metabolic 
pathways (Lookman et al., 2005; Lӧffler et al., 2012). Understanding these factors, how 
they are co-related, and how they relate to dechlorination is essential to creating a 
suitable environment capable of chlorinated hydrocarbon reduction.  
Recent microbiological research on reductive dechlorination has helped to better 
understand the capabilities, kinetics, and other characteristics of dehalogenating bacteria 
such as Dehalococcoides (DHC) and Dehalobacter (DHBt). Although many 
microorganisms isolated in pure cultures have shown the ability to degrade 
tetrachloroethylene (PCE) and trichloroethylene (TCE), only the genus DHC has been 
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found to dechlorinate PCE all the way to ethene (Maymó-Gatell et al., 1999; Ellis et al., 
2000; Fennell et al., 2001; Duhamel et al., 2002; Richardson et al., 2002; Cupples et al., 
2003; He et al., 2003). Dehalococcoides ethenogenes strain 195 was the first strain 
identified as having the capability to completely degrade PCE to ethene; however, this 
particular strain was demonstrated to only transform VC to ethene through cometabolism 
(Maymó-Gatell et al., 1999, 2001). Other DHC cultures have demonstrated the ability to 
reduce VC to ethene only when supplied VC as the sole electron acceptor (Duhamel et 
al., 2002; He at al., 2003). Mixed cultures containing DHC have recently been used with 
great results to reduce the lag time required for dehalogenation of specific species and to 
reduce the inhibitory effect of generated daughter compounds (Grostern et al., 2009, 
Chan et al., 2011). 
The genus Dehalobacter has been proven to dechlorinate 1,1,1-TCA to daughter 
products 1,1-DCA and chloroethane (CA) (Figure 1.1) although no studies have reported 
further dechlorination from CA to ethane. A recent study identified the reductive 
dehalogenases responsible for dechlorination of 1,1,1-TCA and 1,1-DCA in a DHBt 
mixed culture (Tang and Edwards, 2013), but an enzyme responsible for CA 
dechlorination at this time was not found.  Dehalobacter restrictus, a strictly anaerobic 
bacterium, was the first strain characterized as having the capability to dechlorinate 
chlorinated ethanes to a terminal daughter product of CA through anaerobic respiration 
(Holliger et al., 1998, Sun et al., 2002). 
The genus DHC has been documented to primarily use hydrogen as its electron 
donor rather than acetate or other compounds (Delgado et al., 2012, Lӧffler et al., 2012). 
DHBt was shown in experiments by Sun et al. (2002) to strictly utilize only hydrogen as  
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Figure 1.1: Degradation pathway for parent compounds of 1,1,1-TCA and cDCE.  
 
an electron donor as well. As DHC and DHBt only use hydrogen as their electron donor, 
often times they may be forced to compete with other classes of microorganisms able to 
utilize other donors in addition to hydrogen (Kassenga et al., 2006). The addition of slow-
release hydrogen donors that favor hydrogentrophic dechlorinators has been found 
successful when competition is a concern (He et al., 2002).  
Reductive dechlorination has been found to occur either directly or 
cometabolically under anaerobic conditions. The direct reductive dechlorination pathway 
in which organic contaminants are used by microorganisms as electron acceptors has 
been recorded in many studies on dechlorination. In cometabolic reductive 
dechlorination, microorganisms transform the organic contaminants through the use of 
enzymes or cofactors during the microbial metabolism of another compound.  The 
primary substrate provides growth and energy for the microorganism, whereas as the 
fortuitously reduced chlorinated compound usually does not enter catabolic and anabolic 
pathways of the microorganism (Gossett and Zinder, 1997). Therefore, the cometabolic 
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reaction does not support microbial growth, but is a desirable benefit for bioremediation. 
It is important to note that abiotic degradation mechanisms do have a role in 
contamination dechlorination. Although the rates of abiotic degradation may be slower 
than their biotic counterparts, abiotic mechanisms such as hydrolysis, elimination, and 
abiotic reductive dechlorination all can contribute a significant role in the overall 
remediation of a site depending on the contaminants and conditions of the site. In 
situations where chlorinated hydrocarbons such as 1,1,1-TCA and CA are present, 
degradation via hydrolysis has been reported (Vogel and McCarty, 1987).   
Engineered Bioremediation Systems 
Utilizing engineered systems for bioremediation purposes has been found 
successful in both full-scale (Damgaard et al., 2012) and pilot scale (Ellis et al., 2000; 
Major et al. 2002) studies. Often times, the current environmental conditions at a polluted 
groundwater site are not ideal for in-situ bioremediation, and improvements are required 
to accelerate the dechlorination rate, decrease the lag-time of the site, or enhance the 
contaminant loading of the media through bioaugmentation and biostimulation, 
pretreatment and selection of the media, or various other engineering approaches.  
The choice of media is of importance for designing bioremediation systems. The 
hydraulic conductivity of the media must allow for the system to operate at a maximum 
set flow rate but must also allow the microbial communities enough retention time to 
degrade the contaminants of interest. The hydraulic conductivity of the media can be 
fixed through the composition of the media. Higher sand contents will result in higher 
conductivity values whereas higher fine contents such as clay and silt will result in lower 
conductivity values.  
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The organic content of the media is also significant when planning engineered 
bioremediation systems. In addition to providing a carbon source for the microbial 
populations, studies have shown that the sorption of hydrophobic organic compounds in 
soils is strongly dependent on the organic carbon content of the soil (Chiou et al., 1983). 
In one study on sorption coefficients of different VOCs on multiple types of media, it was 
demonstrated there may be a strong correlation between sorption and percentage of 
organic matter (Grathwohl, 1990). By increasing the sorption capability of the media, the 
detention time of the contaminants in the treatment system is increased thus allowing the 
microbial populations longer time to degrade the contaminants.  
Other design parameters also influencing the performance and success of the 
bioremediation systems include pH, temperature, and dissolved oxygen concentration. In 
most cases, bacteria thrive in neutral pH conditions (pH 7). The bacteria typically 
associated with bioremediation such as the bacterium DHC and DHBt have been reported 
to grow and dehalogenate chlorinated compounds between pH levels of 6.5 and 8.0 with 
the highest activity measured between pH levels of 6.9 and 7.5 (Sun et al., 2002; Lӧffler 
et al., 2012).  In regards to DHC, the effects of temperature have also been studied. The 
temperature range for growth has been reported to be between 15 to 35°C with an 
optimum growth temperature between 25 and 30°C (Lӧffler et al., 2012) demonstrating 
that dechlorination will only proceed if temperature conditions are met. 
In addition, as the reductive dechlorination process creates hydrochloric acid as a 
product, sufficient alkalinity must be present in the soil to prevent an adverse drop in pH 
to below neutral conditions. At sites with large concentrations of chlorinated solvents, an 
appropriate buffering capacity is required to neutralize the production of hydrochloric 
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acid from dechlorination and organic acids from the fermentation of the electron donors. 
Batch studies have been performed linking the relationship between initial bicarbonate 
alkalinity, extent of dechlorination of chlorinated solvents, and the resulting pH (McCarty 
et al., 2007; Robinson et al., 2009; Delgado et al., 2012) in which it was exhibited that 
adequate amounts of bicarbonate promoted higher dechlorination rates and further 
dechlorination of the chlorinated solvents. In natural groundwater systems, dissolution of 
carbonate-containing minerals serves as the natural pH buffer. The same carbonate 
species are typically used as buffering agents in laboratory settings. 
The negative effect of oxygen on DHC and DHBt viability has also been studied 
in depth. It has been observed that brief exposure of DHC cultures to oxygen completely 
or irreversibly inhibited dechlorination (Adrian et al., 2007). A recent study on the effect 
of oxygen on a DHC (mixed-culture) viability and dechlorination performance found that 
although the presence of oxygen did not completely act as a biocide, it did significantly 
inhibit dechlorination activity and reduce cell numbers 5-fold. Controls performed for 
this study saw full dechlorination to daughter products and a 6-fold increase of cell 
numbers (Amos et al., 2008). The same study also found the same cultures, once exposed 
to oxygen, could no longer dechlorinate chloroethenes past vinyl chloride when placed in 
an oxygen-free medium. It has been reported that while oxygen exposure prevents DHBt 
cultures from growing or dechlorinating, the same cultures can reductively dechlorinate 
once again with no loss in dechlorinating activity upon re-exposure to anaerobic 
conditions (Sun et al., 2002). 
Inhibition between Chloroethenes and Chloroethanes 
Studies have shown that not only can significant concentrations of chloroethenes 
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inhibit the reductive dechlorination of other chloroethene species (Tandoi et al., 1994; Yu 
et al., 2005, Maymó-Gatell, et al, 2001), but chloroethenes and chloroethanes can also 
have inhibitory effects when both types of compounds are present. The complex 
inhibitory interactions are of importance as most sources of contaminated groundwater 
typically possess multiple contaminants of different compositions rather than a single 
contaminant. As Scheutz et al., (2011) reported in a review on 22 contaminated sites, 18 
of the sites were found to possess both chloroethenes and chloroethanes present as co-
contaminants. As both chloroethenes and chloroethanes have historically been used as 
degreasers by several of the same industries, the presence of both contaminants at some 
sites is not unexpected.  
Laboratory studies have indicated that at sites where 1,1,1-TCA has been co-
disposed with other common chlorinated solvents such as PCE and TCE, the rate of 
chloroethane and chloroethene dechlorination can be limited by inhibitory substrate 
interactions depending on the system microbiology (Adamson and Parkin, 2000; 
Duhamel et al., 2002; Grostern and Edwards, 2006; Grostern et al., 2009). As much work 
regarding chloroethanes has focused on higher chlorinated compounds such as (1,1,2,2-
TeCA and 1,1,1-TCA, there is little research regarding lower chlorinated compounds 
such as 1,1-DCA and CA. As 1,1,1-TCA is typically reduced to 1,1-DCA and CA 
through reductive dehalogenation, understanding the potential effects of 
chloroethene/chloroethane inhibition is important when both classes of compounds are 
present. It is entirely possible 1,1-DCA may also possess similar inhibitory effects of the 
same nature as 1,1,1-TCA. 
The particular interaction between chlorinated compounds cDCE and 1,1-DCA 
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has been recently studied. It was found that 1,1-DCA had no inhibitory effect on the 
enzymes responsible for the reductive dehalogenation of chloroethenes including cDCE 
(Chan et al., 2011); however this study focused on cell-free extracts and 1,1-DCA’s effect 
on the reductive dehalogenases rather than whole cell suspensions and the effect of 1,1-
DCA on the microorganisms. The inhibitory effect of cDCE on 1,1-DCA using whole 
cell assays was also examined with the results demonstrating cDCE and its daughter 
product of vinyl chloride (VC) did indeed have an effect on the dechlorination rate of 1,1-
DCA (Grostern et al., 2009). It is also important to note the two studies noted above had 
pure cultures, incubation periods of 1 to 3 hours, volumes of 2 milliliters, and added 
additional electron donors such as methanol, acetate, and lactate rather than utilize the 
resulting electron donors from the fermentation of the natural soil or media. Experiments 
utilizing conditions likely to be encountered at a contaminated groundwater site such as 
using impure cultures, greater volumes, larger incubation periods, and natural electron 
donors have not yet been reported or performed. 
The mechanisms and reasons behind inhibition between these two classes of 
compounds are not entirely understood. It has been observed in multiple laboratory 
studies that 1,1,1-TCA has the ability to inhibit methanogenesis (de Best et al., 1997; 
Adamson and Parkin, 2000; Grostern and Edwards, 2006) and acetogenesis (Vargas and 
Ahlert, 1987; Smidt and de Vos, 2004) which are two processes believed to support DHC 
species in mixed cultures. It has been hypothesized that inhibition of methanogens and 
acetogens limits the production of electron donors such as hydrogen and acetate or 
cofactors associated with dechlorination species (Smidt and de Vos, 2004; He et al., 
2007; Johnson et al., 2009). In the absence of these electron donors, the growth rate of the 
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responsible microbial populations can be stunted consequently retarding dehalogenation.  
The difficulty in characterizing inhibitory effects between chloroethenes and 
chloroethanes lies not when one concentration of compounds dwarfs other concentrations 
of compounds present, but when the concentrations of multiple compounds are found to 
be of the same magnitude. Several new strategies concerning remediating sites with 
multiple contaminants are needed. In order to remediate several compounds that may 
pose inhibitory effects on each other, multiple zone remediation strategies have been 
proposed before where separate zones each treat a particular compound of interest 
(Bagley, 1999). The system found at the Superfund site located in North Dartmouth is 
one such example of a bioremediation approach that utilizes sequential beds for 
treatment. 
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CHAPTER 2: ANAEROBIC REDUCTIVE DECHLORINATION OF CO-
CONTAMIANTS cDCE AND 1,1-DCA IN A MULTIPLE COLUMN SETUP 
 
2.1 Introduction  
cis-1,2-dichloroethylene (cDCE) and 1,1-dichloroethane (1,1-DCA) are persistent 
groundwater contaminants located at former industrial facilities and waste disposal sites, 
including 17.0 % and 25.5% of all the active NPL sites listed by the U.S. Environmental 
Protection Agency as of May 2013. cDCE and 1,1-DCA are observed in the environment 
mainly as anaerobic dechlorination products of chlorinated solvents such as 
tetrachloroethylene (PCE), trichloroethylene (TCE) and 1,1,1-trichloroethane (1,1,1-
TCA) when biodegradation stalls (Major et al., 2002). Chlorinated solvents were widely 
used as degreasers and industrial solvents, and when observed in soil and groundwater, 
can undergo anaerobic dechlorination to form daughter products which are suspected 
carcinogens or proven carcinogens. Previous methods for contaminated site clean-up 
focused on methods such as pump-and-treat or chemical treatments; however, research 
involving bioremediation has been undertaken to develop more sustainable and economic 
removal approaches. 
Flow-through, porous media treatment systems, loosely based on vertical-flow 
treatment wetland systems, have been developed to treat contaminated groundwater in a 
more sustainable process using coupled bioremediation and sorption approaches 
(Kassenga et al., 2003; Amon et al., 2007; Imfeld et al., 2008, 2009, 2010). In these 
systems, contaminated groundwater is applied to lined beds constructed of highly organic 
peats or composts and sand. Groundwater is generally applied below ground in a 
downflow or upflow mode to minimize volatilization. These systems treat groundwater 
by a combination of rapid reductive dechlorination rates, driven by high populations of 
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dehalorespiring bacteria, supported by the sorption and retardation of VOC movement 
through the highly organic soils resulting in longer residence times necessary for 
treatment (Kassenga et al., 2003). Pilot and full-scale systems have been developed to 
treat a variety of chlorinated solvents and solvent mixtures (Kassenga et al., 2003; Amon 
et al., 2007; Imfeld et al., 2008, 2009, 2010). If the systems include a vegetation 
component, they would accurately be called “vertical-flow treatment wetlands” but 
systems can be designed without plants as well. Since the non-vegetated treatment beds 
described above are essentially flow-through anaerobic bioreactors (ABRs), we refer to 
the use of these beds below as “ABR systems”.  
cDCE and 1,1-DCA are known to biotically degrade into lesser-chlorinated 
daughter products via dehalorespiring bacteria such as Dehalococcoides (DHC) (Maymó-
Gatell et al., 1999) and Dehalobacter (DHBt) (Sun et al., 2002). As a result, these 
compounds are candidates for treatment in the ABR-type systems described above. Batch 
studies, continuous-flow column studies and field studies (Harkness et al., 1999; Ellis et 
al., 2000; Major et al., 2002) have demonstrated the anaerobic dechlorination of cDCE to 
ethene. Fewer studies have investigated the reductive dechlorination of less-chlorinated 
ethanes such as 1,1-DCA and its daughter product chloroethane (CA) (Grostern et al., 
2009; Chan et al., 2011). These recent laboratory studies have demonstrated inhibitory 
effects that cDCE can have on 1,1-DCA dechlorination and vice versa (Grostern et al., 
2009; Chan et al., 2011). In some cases, competitive inhibition of the reductive 
dehalogenase enzymes involved were observed (i.e., 1,1,1-TCA inhibition of cDCE 
(Chan et al., 2011) while in other cases, whole cell inhibition was observed (i.e., cDCE 
inhibition of 1,1-DCA dechlorination (Grostern et al., 2009)) that may reflect other 
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mechanisms including competition for electron donors such as H2 or other nutrients. 
Similar inhibition was observed between cDCE and 1,2-dichloroethane (1,2-DCA) in 
highly organic peat/sand soil mixtures (Kassenga et al., 2003; Kassenga and Pardue, 
2006). The rapid drawdown of H2 concentrations by DHC populations in these systems 
was presumed to be the cause of the inhibition on the 1,2-DCA degraders that were not 
identified (Kassenga et al., 2003). Clearly, ABR-type systems must be able to meet the 
challenge of dechlorinating multiple contaminants (Adamson and Parkin, 2000; Duhamel 
et al., 2002; Grostern et al., 2006; 2009) by encouraging the growth of microbial 
populations that can consistently express multiple reductases.  
The objective of this study was to test the effectiveness of a model ABR system 
treating cDCE and 1,1-DCA co-contaminants that create inhibitory biodegradation 
patterns. To accommodate for sites with multiple contaminants requiring biological 
reduction, the approach of using multiple zones for bioremediation to minimize the 
inhibitory effects has been previously proposed (Bagley et al., 2000), although it has not 
been widely adopted. Steady state operation of the 2 bed system was established followed 
by system perturbations that consisted of (1) cDCE breakthrough to the second ABR bed 
treating 1,1-DCA and (2) ABR “starvation” of cDCE followed by restoration of flow. 
These perturbations were conducted and compared to the steady state condition to test the 
robustness and recovery of the system. Enriched cultures maintained for two years 
containing DHC and DHBt and capable of degrading cDCE to ethene and 1,1-DCA to 
CA were used as the inoculum for both ABR columns.  
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2.2 Materials and Methods 
Column System Set-up 
Two columns (ABR1 and ABR2) were used in series to generate baseline parent 
and daughter compound concentrations after steady-state conditions were achieved. Each 
column had total dimensions measuring 44.5 cm x 44.5 cm x 66 cm resulting in a total 
volume of 0.13 m3 and was constructed of polyethylene material. The bottom 3.8 cm of 
each column was a highly-conductive layer composed of crushed stones for drainage. On 
top of the crushed stone layer, a layer (50.8 cm depth) consisting of a mixture of sand and 
peat was placed. A top-soil (Scott’s Miracle-Gro Company, Marysville, OH) layer (11.4 
cm depth) was located on top of the middle layer. All layers were separated through the 
use of a filter fabric (Ace Hardware, Oak Brook, IL). The down-flow columns were kept 
saturated through the use of a graduated laboratory pipette connected to the effluent of 
each column via a “Y” fitting which served as a piezometer for each column. In addition 
to influent and effluent ports, each column had three sampling ports composed of biopsy 
needles (Becton Dickinson & Co., Franklin Lakes, NJ) spaced in 12 cm vertical 
increments (Figure 2.1) 
Prior to pumping water through the columns, water was first passed through a 35-
gallon dissolved oxygen scrubber (DOS) filled with a highly organic compost media to 
remove dissolved oxygen from the water. The effluent from the DOS was pumped using 
a Masterflex L/S peristaltic pump into 20-gallon plexiglass aquariums each fitted with a 
floating cover composed of building insulation sheathing to minimize headspace and 
reduce volatilization of VOCs. The sides of the aquariums were also covered in building 
insulation to prevent microbial growth. Before being pumped throughout the columns, 
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water in the aquarium was spiked with a water-saturated solution of cDCE and 1,1-DCA 
(160 mL) to obtain approximate concentrations averaging  1.2 mg/L cDCE and 1.2 mg/L 
1,1-DCA. Samples of the influent were collected over the timeframe of each column 
experiment to verify cDCE and 1,1-DCA concentrations.  
The two aquariums were switched each day which allowed for a continuous flow 
rate and contaminant concentration throughout experimentation. If aquarium A was being 
filled from the DOS effluent while aquarium B was being drained (pumped throughout 
the column system), the same aquarium A would be draining the following day while 
aquarium B was filled. Precision FDA Viton tubing (Cole-Palmer, Vernon Hills, IN) 
rated for chlorinated solvents transport was used to transfer fluids throughout the studies.  
Following steady-state conditions observed when both columns were connected in 
series, the columns were disconnected and used separately to test for starvation and 
breakthrough perturbations. When both columns were connected in series, the effluent of 
ABR1 became the influent of ABR2 via a peristaltic pump. Biofilms growing on the 
inside of the tubing initially prevented the full flow of ABR1 from reaching ABR2 thus 
caused excess pooling to occur in the first column. The addition of the peristaltic pump 
proved to prevent biofilms formation and delivered constant flow rate. The effluent of the 
columns was collected in a 15 gallon container. The configuration used for the column 
study can be found in Figure 2.2. 
Starvation and Breakthrough Perturbations 
Immediately following the initial run to generate baseline conditions, ABR1 was 
starved of VOCs for 52 days and the contaminated water was directly pumped to ABR2 
to simulate a breakthrough event of chlorinated ethenes. During the starvation of the 
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Figure 2.1: Schematic presentation of column set-up.  
 
 
 
 
Figure 2.2: Flow chart illustration of entire column configuration including columns 
connected in series.  
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ABR1, periodic flushes of anaerobic VOC-less water was flushed throughout the column 
to prevent gaseous build-up experienced in similar circumstances at an associated 
Superfund site. Both starvation and breakthrough perturbations experienced the same 
conditions such as ambient temperature, influent concentration, and flow rate. 
Media Properties and Pretreatment 
The media mixture was 50 % peat (Worcester Peat, ME), 50 % sand on a weight 
basis. The porosity of the media was found to be 0.53, and hydraulic conductivity of a 
similar media composed of 60% peat, 40% sand mixture, determined using a falling head 
method, was found to be 2.07 m d-1. The fraction of organic content was assumed to be 
5.0% based on the total organic content available in the mixture of both sand and peat. 
Before pretreatment, the effluent of both columns had measured pH values below 
4 owing to the acidic nature of the peat selected at the superfund site. To raise the pH of 
the system to sustain microbial activity, the peat/sand mixture used was treated by 
flushing 0.1 M Na2CO3 throughout both columns separately until the effluent of each 
column returned a pH value greater than 6.5. Residual alkalinity in the system caused a 
final pH value 6.9 ± 0.2 after 15 gallons of 0.1 M Na2CO3 were flushed throughout both 
columns.  
Sampling Procedures 
Samples were withdrawn at the influent, at each sampling port, and the effluent 
by connecting the ports to a gas-tight syringe. 20 mL liquid was extracted from the 
column port and transferred via syringe to a 160 mL glass microcosm bottle containing 
80 mL distilled water. A 16 G 11/2 needle was used to transfer the sample into the 
distilled water of the glass bottle to prevent agitation of the VOCs. Immediately 
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following sample transfer, the bottles were crimp-sealed with a Teflon-coated silicone 
septum. The microcosm bottles were then allowed to reach equilibrium between gaseous 
and liquid partitions over 12 hours at a constant temperature of 23 ± 1.5 ̊C and a 1.5 mL 
headspace sample was analyzed using a gas chromatograph fitted with a flame ionization 
detector. Single samples from each port location were taken during the acclimation of the 
system while generating baseline dechlorination conditions; duplicate samples of each 
port were extracted for the column perturbations. The gas chromatograph was calibrated 
with stocks prepared with distilled water in the same gas:liquid volumetric ratio.  
Analytical Methods 
Samples were analyzed for VOCs, ethene, and methane using a gas 
chromatography flame ionization detector (Agilent Technologies 6850) equipped with a 
2.4 m x 2.1 mm ID column packed 1% SP by Supelco. The gas chromatograph oven 
temperature was programmed to hold at 60 °C for 1 min, then to increase to 130 °C at 10 
°C/min.  The carrier gas utilized was helium set to a flow rate of 40 mL/minute in 
conjunction with flow rates of 35 and 100 mL/min for hydrogen and air, respectively. 
Ethene peaks were manually integrated on few occasions due to interference from large 
methane peaks. Calibration of VC, CA, 1,1-DCA, and cDCE was performed with 
aqueous external standards prepared from neat or methanolic stock solutions (Sigma-
Aldrich, St. Louis, MO). Ethene was calibrated with pure neat gas and methane was 
calibrated with a 1% gas mixture (American Air Liquide, Houston, TX).  
Column Inoculation and Microbial Analysis 
Before inoculating each of the columns, dechlorination of parent compounds 
cDCE and 1,1-DCA were observed in separate sets of duplicate microcosm bottles 
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containing media similar to that of in the columns. Complete dechlorination of cDCE to 
ethene was observed for four spikes and 1,1-DCA to CA for two spikes. Following proof 
of microbial activity observed in the microcosms, a slurry of each respective enriched 
culture (5 mL) was added through each of the ports to the center of the columns via a gas-
tight syringe connected to metal tubing. Microbial analysis regarding DHC and DHBt 
communities present in the inoculum sources is reported in Akudo, (2013). 
Modeling of cDCE Degradation Rate Constant 
Modeling of the cDCE degradation rate constant (kd) was based on the 
disappearance of the initial cDCE concentration. Assuming the dechlorination of cDCE 
was a first order reaction, Eq. (1) was used to calculate the kd value associated with each 
column experiment when each column system was deemed to be at steady state 
conditions. 
 = , ∗ 	[− ∗  ∗ ]  (1) 
where: Cd  = concentration of daughter product [M L-3] 
 Cd,o = initial concentration of daughter compound [M L-3] 
 kd = degradation rate constant of daughter compound [T-1] 
 tcell = time to travel length of one cell [T] 
 R = retardation factor [unitless] 
 =
∗∗

 (2) 
where: Lcell = length of one cell [L] 
 A = cross-sectional area of column [L2] 
  = porosity of saturated media [unitless] 
 Q = flow rate [L3 T-1] 
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 (3) 
where: #b = bulk density of media [M L-3] 
 Koc = organic carbon soil-water partition coefficient [L3 M-1] 
 foc = fraction of organic carbon [%] 
  = porosity [unitless] 
In the modeling simulations, the variable Lcell was set to 0.1 cm resulting in 483 
cells from the influent to effluent locations. Koc values for cDCE were selected by using 
the mean of published values found in (U.S. Environmental Protection Agency, 1995) 
and also by using a Koc value for cDCE of 17.31 determined at an associated superfund 
site through construction of a linear adsorption isotherm. Bulk density values for similar 
saturated media were also measured on at the associated superfund site. The values for 
the variables used in equations (1), (2), and (3) are listed in Table 2.1. Using the values 
listed in Table 2.1, the retardation factor assigned to cDCE ranged from 2.06 to 5.07 
which coincided with values found by Kassenga et al. (2003) for similar soils. 
Each column system was declared to be at a steady state conditions when the last 
three samples of a system’s effluent contained cDCE at concentrations less than 2.5% of 
the average influent cDCE concentration for that system, respectively. The degradation 
rate constant (kd) for each column system was estimated by fitting Eq. (1) to the last 
observed concentrations at each location along the column until a value for kd was 
calculated that resulted in the highest coefficient of determination (R2). The curve-fitting 
was performed using the solver function of Microsoft Excel. As the R2 value was 
calculated based on the summation of the squared differences between observed and 
predicted concentrations, constraints were placed for modeling that stressed the relative 
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importance of predicting concentrations at the first and second port rather than 
concentrations at lower depths.  
 
Table 2.1: Values of parameters listed in Eq. (1-3) utilized in generating degradation rate 
constants for cDCE found in Table 2.2. 
 
Parameters and units Symbol Value Source 
Initial Concentration of cDCE [µmol L-1] 
cDCE - base trial 12.22 Measured 
cDCE - breakthrough trial 12.41 Measured 
cDCE - starvation trial 12.27 Measured 
Travel time across one cell [d] tcell 5.53E-03 Eq. (2) 
Length of one cell [cm] Lcell 0.10 Set 
Area of column [cm2] A 1975.8 Measured 
Saturated porosity  0.53 Measured 
Flow rate [L d-1] Q 18.93 Measured 
Bulk density [g cm-3] # 1.25 Measured 
Organic carbon soil-water partition coeff. Koc- L Bound. 17.31 Measured 
[L kg-1] Koc- H Bound. 42.64 U.S. EPA 1995 
Fraction of Organic Carbon [%] foc 5.0 Assumed 
 
 
Modeling of CA Production Rate 
It was observed in phases of operation that the concentrations of CA were more 
suitable for modeling purposes than 1,1-DCA. As the only suspected mechanism behind 
CA production was 1,1-DCA degradation, the use of CA production to compare the 
degradation of 1,1-DCA between column systems was deemed appropriate. As it was 
noted that the concentration of CA in most of the column systems followed a linear depth 
profile, the use of zero-order equations was performed. When CA production rates were 
generated, Eq. (4) was used.  
$ =
$%&$'
(∗)*+
  (4) 
where: kCA =  production rate [M L-3 T-1] 
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 Ct  = concentration at bottom of zone [M L-3] 
 Ci  = concentration at top of zone [M L-3] 
 t = travel time across zone [T] 
 R = retardation factor as defined in Eq. (3) 
In calculating production rates, a Koc value of 25 was used for CA (Jury et al., 
1990) which produced a similar retardation factor as Kassenga et al. (2003). 
Modeling of DCE Removal by Zone 
cDCE removal by zone was calculated according to Eq. (5)  
,-./0	1%3 = 	 14 − 3 ⁄ ∗ 100 (5) 
where: Ci = concentration entering zone [M L-3] 
Ce = concentration leaving zone [M L-3] 
 
Co = concentration entering column [M L-3] 
 
2.3 Results and Discussion 
Degradation of cDCE  
Degradation of cDCE proceeded to ethene in all column systems and when 
modeled at steady state conditions, each treatment was found to possess near-identical 
concentration profiles (Figure 2.3). Estimated degradation rate constant (kd) values along 
with the last day of sampling for each treatment can be found in Table 2.2. The reported 
range in kd accounts for all Koc values of cDCE between 42.64 and 17.31 L kg-1. Due to 
the relationship between the retardation factor (R) and kd (Eqs. 1,3), reducing the Koc 
value from 42.64 to 17.31 L kg-1 resulted in doubling the predicted kd value required to 
mimic the observed concentrations due to the decrease in retention time of cDCE 
throughout the column caused by a reduction in sorption.  
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With high values of R2 for all three models, it was believed Eq. (1) was 
appropriate for generating kd values to match the observed data sets. As illustrated in 
Figure 2.3 and Table 2.2, there was little difference in cDCE degradation and daughter 
product formation for all three treatments once all column systems approached steady 
state conditions. Steady state conditions were observed on day 34 of the breakthrough 
column system as opposed to day 57 for the starvation system. It is theorized that as the 
breakthrough perturbation continuously received chlorinated solvents (even at trace 
amounts), a smaller acclimation period was required for the microbes responsible for 
cDCE degradation. Starving ABR1 of cDCE required a more pronounced re-growth of an 
active bacterial concentration responsible for cDCE dechlorination. 
As observed in the all three column arrangements, once acclimation had occurred 
and steady state conditions were achieved, full dechlorination to ethene was completed 
with an average of 77.3% cDCE removal by the first zone and 95.0% cDCE removal by 
the second zone with VC appearing briefly as a transient product. Due to the complete 
dechlorination of cDCE, it is likely larger contaminant loads could have been 
dechlorinated if tested. The recovery of the microbial systems during both column 
perturbations to similar degradation rates measured at baseline conditions illustrates the 
robustness of the microorganisms responsible for cDCE degradation. Although column 
cores were not sampled for the bacteria responsible for dechlorination after the column 
studies, complete dechlorination from cDCE to ethene was likely the result of DHC 
species as DHC strains are currently the only known bacteria capable of continuing 
dechlorination to ethene (Major et al., 2002, He et al., 2003).  
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Figure 2.3: Concentrations of cDCE (a), VC (b), and ethene (c) at steady state conditions 
for each system treatment. Data points represent experimentally measured values, 
and the lines in (a) represent model fits. 
 
(a) 
(b) 
(c) 
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Table 2.2: cDCE degradation rate constants for Koc values of 42.64 and 17.31 and 
corresponding R2 values for each treatment at its time of assumed steady state 
conditions.  
Treatment Time [d] kd [d-1] R2 
 
   Baseline - 0.37-0.74 0.9928 
Starvation 57 0.41-0.82 0.9850 
Breakthrough 34 0.35-0.70 0.9999 
 
Due to the propensity of appropriate bacterial cultures to continue degradation 
from chlorinated ethenes until ethene is produced, generating observed cDCE 
degradation rate constants can be difficult except when cDCE is present as the parent 
compound. In the few studies where cDCE degradation rates, as a result of anaerobic 
dechlorination by DHC spp. were reported (Table 2.3), the degradation rate found in this 
study compared favorably. Kassenga et al. (2003), using similar media composed of 
soil:peat/sand and peat/sand found cDCE degradation rate constants corresponding to the 
lower and upper bounds reported in this study. The range of kd found in this study was an  
order greater than reported in Schaefer et al. (2009) which may have been a result of a 
much smaller column volume and the clayey sand material used possessing less desirable 
sorptive properties. 
cDCE degradation rate constants observed in field studies vary from 14.4 d-1 as 
reported in Major et al. (2002) to 0.0005-0.009 d-1 as reported in a survey conducted by 
Wiedemeier et al. (1999). The degradation rates for all three column studies ranged 
from 0.35-0.82 d-1 (depending on the true retention time of cDCE in each column) 
demonstrating vast differences from published rates that may have been a factor of 
scaling, different modeling equations, approaches utilized, and dechlorinating conditions. 
As also observed in the field study by Major et al. (2002), the degradation rate constant 
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found in all three ABR columns was found to increase with time, and it is likely the 
reported values for the cDCE degradation rate constant for each column experiment 
would have further increased if each experiment was allowed longer time periods for 
sampling. A “generally useful” degradation rate of 0.3 yr-1 was defined by Lu et al. 
(2006) for most chlorinated hydrocarbon plumes found in the field. As such, cDCE 
degradation rates found in this study at baseline conditions and for system perturbations 
would greatly exceed necessary rates for many contaminated field sites. 
 
Table 2.3: Reported first order cDCE degradation rates of Dehalococcoides spp. in other 
continuous-flow column studies. 
Study Volume [m3] Media k (day-1) 
Kassenga et al., 2003 0.011 40% BionSoila, 40% Latimerb, 20% Sand 0.84 
Kassenga et al., 2003 0.011 80% Latimerb, 20% Sand 0.36 
Schaefer et al., 2009 8.14E-04 Clayey sand 0.05 
 aProduct derived from agricultural waste, Dream Maker Dairy, Cowlesville, NY 
 bPeat acquired from Latimer’s Peat Moss Farm, West Liberty, OH 
 
 
1,1-DCA Degradation and CA Formation 
Significant decreases in 1,1-DCA concentration with concomitant increases in CA 
concentration were not observed until zones 3 and 4 (Figures 2.4) illustrating a inhibition 
effect caused by the presence of chlorinated ethenes in zones 1 and 2 (Figure 2.3). The 
spatial CA production rate (Table 2.4) increased by at least a factor of two from Zone 2 to 
Zone 3 for three out of the four columns tested coinciding with the removal of the 
majority of cDCE. Increases in CA production rates and higher concentrations of CA at 
steady state conditions suggested ABR2 was more favorable for 1,1-DCA degrading 
microorganisms than ABR1. ABR2 possessed, on average, CA production rates 64% and 
72% greater than ABR1 for zones 3 and 4, respectively.  Final CA concentrations 
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produced through the downflow of ABR2 were measured to be 2.42 and 3.51 µmol/L at 
baseline conditions and in the breakthrough study, respectively, compared to the final CA 
concentrations of 0.99 and 1.59 µmol/L measured in the effluent of ABR1 during the 
starvation study and at baseline conditions, respectively.  
It is conjectured the increase in both measured CA concentrations and calculated 
production rates from ABR1 to ABR2 cannot be attributed to the low presence of CEs 
alone for even though ABR2 received an average influent CE concentration of 12.41 
µmol/L in the breakthrough perturbation, a final CA concentration of 3.51 µmol/L was 
measured in the effluent of the column. Conversely, ABR1 produced 1.59 µmol/L CA 
when an average influent of 12.22 µmol/L CEs was applied during baseline conditions. 
The results suggest different microbial populations responsible for 1,1-DCA degradation 
may have existed in ABR2 that either were not present or not present in as high 
concentrations in ABR1. It is presumed that during the acclimation phase of the column 
system when ABR1 was connected to ABR2 in series, the microorganisms capable of 
actively degrading 1,1-DCA were outcompeted in ABR1 where higher concentrations of 
CE were initially present, but were able to thrive in ABR2 due to a less pronounced 
inhibition effect resulting from  lower concentrations of CEs.  
Despite low concentrations of CEs (<0.3 µmol/L) when steady state conditions 
were experienced, the inability of 1,1-DCA to be degraded at the upper zones of ABR2 
when both columns were connected in series indicates residual DHC communities may 
have prevented dechlorination of 1,1-DCA from proceeding. Grostern et al., (2005) found 
that communities of DHC proved to be highly robust when subjected to a starvation 
period (decreases in 16S rRNA gene copies decreased 3-fold compared to a decrease of 
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Figure 2.4: Concentrations of 1,1-DCA (a) and CA(b) at steady state conditions for each 
ABR column. 
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Table 2.4: Spatial CA production rates (kCA) [µmol/L-d] for each column at steady state 
conditions. 
Location Starvation-ABR1 
Control-
ABR1 
Control-
ABR2 
Breakthr.-
ABR2 
Zone 1 0.03 0.08 0.00 0.04 
Zone 2 0.04 0.20 0.20 0.08 
Zone 3 0.16 0.17 0.43 0.49 
Zone 4 0.14 0.16 0.35 0.72 
 
108-fold for DHBt), suggesting inhibition effects may still have transpired throughout 
ABR1 and ABR2 where large communities of DHC had previously been established.  
As no DHC strain has been reported to dechlorinate 1,1-DCA to CA (Grostern et 
al., 2009), it is presumed the bacteria responsible for 1,1-DCA degradation was DHBt 
found in the inoculum added to the columns; however, other organisms may have been 
primarily responsible such as methanogens which have been reported to cometabolically 
degrade 1,2-dichloroethane (1,2-DCA) (Holliger et al., 1990). It is plausible that with 
larger column volumes or through a longer experiment timeframe, complete 
dechlorination of 1,1-DCA to CA may have occurred if CA production rates observed at 
the bottom zone of ABR2 could be sustained and expressed throughout the whole column 
when CEs were no longer present. 
Effect of CE breakthrough on ABR2  
When steady state conditions were observed during baseline conditions, ABR1 
was taken offline and ABR2 began to receive the full cDCE + 1,1-DCA concentrations to 
observe the transient effect high concentrations of CEs would have on the ability of 
ABR2 to dechlorinate 1,1-DCA (Figure 2.5). Before breakthrough of cDCE to ABR2, the 
1,1-DCA, CA, and total CEs concentrations entering ABR2 from the effluent of ABR1 
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were 8.46, 1.59, and 0.81 µmol/L, respectively. After accounting for the influent CA 
produced in ABR1, the steady state production of CA in ABR2 was calculated to be 2.42 
µmol/L. The concentration of 1,1-DCA in the effluent of ABR2 was measured to be 3.84 
µmol/L. Day 0 of the study marks after 1 pore volume of contaminated water had been 
flushed through ABR2.  
ABR2 proved to be immediately effective at removing cDCE and VC with the 
highest concentration of CEs reaching 2.41 µmol/L on day 3. Further degradation of CEs 
was maintained with an effluent concentration reaching 0.25 µmol/L on the final day of 
sampling, a 98.0% removal from the average cDCE influent concentration. The CA 
production was observed to increase from the 2.41 µmol/L to an average concentration of 
3.46 µmol/L on the last day of sampling. The increase of influent 1,1-DCA concentration 
from 8.46 to 12.75 µmol/L is a likely explanation for the increase in CA production.  
A link between cDCE and 1,1-DCA concentrations was also observed . Increases 
in 1,1-DCA concentration in the effluent (Days 6 and 17) were observed whenever high 
cDCE was observed in the effluent. An increase of 1.36 µmol/L in cDCE from days 9 to 
17 coincided with a 2.87 µmol/L increase of 1,1-DCA from days 12 to 17. A 
corresponding decrease of 3.68 µmol/L 1,1-DCA was also observed from days 17 to 28 
when cDCE decreased 1.98 µmol/L in the same time span further suggesting the 
degradation of 1,1-DCA in ABR2 was influenced by the concentrations of cDCE and 
VC. The decrease in 1,1-DCA over the last 14 days of sampling did not coincide with a 
measureable increase in CA. It is speculated that as most CA was primarily produced in 
the lower zones (Figures 2.4) where CE concentrations were lower, much of the CA may 
have been lost to sampling due to the lower retardation factor of CA compared to 1,1-
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Figure 2.5: 1,1-DCA, CA, and total CEs concentration in the effluent of ABR2 following 
cDCE breakthrough to ABR2. The dashed line occurring at 2.42 µmol/L 
represents CA produced in ABR2 at steady state conditions before perturbation.  
 
DCA. As the Koc value for CA is lower than that of 1,1-DCA (Kassenga et al., 2003), the 
retention time of CA in the columns would theoretically be lower. With no further zones 
to measure CA, the increase of CA concentration may have passed through the effluent 
before sampling occurred. 
Effect of Starvation Perturbation on cDCE, 1,1-DCA Dechlorination 
The starvation period was found to have a significant effect on the removal of 
cDCE (Figure 2.6 and Table 2.5) and on 1,1-DCA dechlorination. The percent cDCE 
removal for Zone 1 decreased from 84.0%, measured at the end of baseline conditions, to 
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38.0% upon re-introduction of cDCE. Following the first pore volume flush of 
contaminants on Day 3, zones 2 and 3 were found to have little difference in cDCE 
reduction in Column 1. However, the percent dechlorination in zone 4, increased from 
1.1% during base line study to 29.2% after the starvation perturbation, suggesting 
microbes capable of cDCE dechlorination may have been present throughout the column. 
As zones 1 and 2 became more effective at removing cDCE from the system, the percent 
reduction measured at lower zones 3 and 4 decreased due to lower available 
concentrations of cDCE. In instances where a lower zone measured a higher 
concentration of cDCE than a corresponding higher zone, the percent concentration 
removed was set to zero rather than allow for negative values. 
As expected, the overall cDCE removal increased over the course of the 
experiment, indicating recovery and growth of the cDCE degrading communities to 
levels observed before the perturbation. The results demonstrate the microbial population 
density responsible for cDCE dechlorination decreased during the starvation period, but 
did not fully decay which agrees with results seen in Grostern et al., (2005). Due to the 
upward linear reduction capability observed for Zone 1 over the course of sampling, it is 
perceived that the percent removed in zone 1 would increase (coinciding with decreasing 
of zone 2 removal) to removal efficiencies observed at the end of baseline conditions. 
Minimal 1,1-DCA dechlorination was observed during the recovery of the column (not 
pictured) with the lowest CA production rates across all column systems at steady state 
conditions (Table 2.4). A more pronounced decrease in DHBt numbers than DHC 
(Grostern et al., 2005) and significant concentrations of cDCE remaining in the lower 
zones by day 40 likely attributed to the retardation of 1,1-DCA dechlorination. 
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Figure 2.6: cDCE removed as a function of zone location throughout the sampling period 
of the starvation perturbation. 
 
 
 
Table 2.5: cDCE removal at each zone location recorded at end of baseline conditions, 
immediately following starvation perturbation and at steady state conditions 
following 57 days of contaminant flow. 
 
Treatment Day % cDCE Removed  
Zone 1 Zone 2 Zone 3 Zone 4 Summation 
Baseline - 84.0% 9.0% 4.1% 1.1% 98.2% 
Starvation 3 38.0% 10.2% 5.1% 29.2% 82.6% 
Starvation 57 72.0% 22.4% 4.4% 0.0% 98.7% 
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Mass Balances 
Mass balances were performed across each column system for CEs and CAs to 
verify reductive dechlorination by microbially catalyzed reactions rather than losses was 
responsible for the removal of each parent compound. For both classes of compounds, a 
large percentage of total mass was unaccounted for in the final zone of each column. 
Averaged over all column systems, the mass balance by zone location for total CAs was 
found to be 0.99, 0.98, 0.97, and 0.75 for zones 1, 2, 3, and 4, respectively. Mass 
balances for total CEs and ethene for the corresponding systems measured 0.98, 0.92, 
0.80, and 0.52 for zones 1, 2, 3, and 4, respectively.  
At higher locations throughout the columns such as zone 2, an average of 95.0% 
of all cDCE was removed once steady state conditions were achieved (Table 2.5). At the 
same column location of zone 2, an average mass balance of 92% was maintained for 
CEs and ethene. Therefore, the losses accrued at the lower depths of the columns were 
primarily losses to ethene as ethene accounted for 88.1% of the mass balance by zone 2. 
As such, confidence can be placed on the degradation rate constants measured for cDCE 
as most of the cDCE was degraded throughout the column, rather than lost. Due to the 
mass loss recorded for zones 3 and 4 of each column, the cDCE removal found in Figure 
2.6 may over-predict for those respective locations. 
Due to the loss of total chlorinated ethane concentration that occurred in the final 
zone of each column, it is plausible the concentration of CA recorded in each experiment 
was higher than recorded. This increase in total CA concentration would have increased 
the CA concentration and production rates seen in Figure 2.4 and Table 2.4, which would 
have illustrated a more successful dechlorination potential of 1,1-DCA across all 
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treatments when very little concentrations of CEs were found. 
The cause of the mass loss incurred at the bottom of each column was unknown 
but it is conjectured a decreased retention time of less-chlorinated compounds may have 
caused high concentrations of those compounds to pass through the columns undetected 
before sampling. Another possible explanation is that due to the higher propensity for 
compounds VC and ethene to exist in gaseous rather than liquid states, losses could have 
been acquired through the vaporization of these compounds to gas pockets that were 
recorded throughout sampling. It is not suspected losses of VOCs and ethene were a 
result of the pipette as concentrations measured without the pipette were statistically 
indifferent for all compounds. Abiotic transformations of cDCE and 1,1-DCA to 
compounds other than VC and CA were not believed to occur as no other daughter 
products were measured across the sampling of all column studies.  
Implications 
The results from all three column studies suggest a multiple bed strategy for the 
bioremediation of multiple contaminants could be successful if the effects resulting from 
inhibition could be predicted and managed. Providing a “safe” bioremediation zone 
(ABR2 in this study) for the bacterial communities most susceptible to adverse inhibition 
effects would be critical if multiple different dechlorinating groups were required for the 
degradation of multiple compounds. In addition to choosing appropriate microbial 
communities based on degradation rates when bioaugmenting, preference should also be 
placed on microbial cultures that demonstrate robustness to harsh conditions and quick 
recovery responses. 
Along with providing multiple zones of bioremediation, the redundancy of using 
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multiple beds also allows for continuous degradation to occur in the event one bed must 
be taken offline. The recovery of the ABR columns when subjected to system 
perturbations suggest compound degradation would proceed in the event unexpected 
problems arose and would reach degradation rates seen at steady state conditions once 
acclimation had transpired. If system perturbations would be anticipated, the sizing of the 
remediation beds should be based on the degradation and microbial kinetics associated 
with the slowest-degrading contaminant. 
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CHAPTER 3: INVESTIGATION INTO SPATIAL MICROBIAL DISTRIBUTION 
AND ROLE OF METHANOGENS 
 
3.1 Introduction 
Due to low operation costs and sustainability, bioremediation has become a 
common approach for the clean-up of many contaminated sites with engineered wetland 
systems (EWS), utilizing (1) high populations of appropriate dehalorespiring bacteria, (2) 
high retardation levels of contaminants, and (3) vegetation, emerging as a viable 
technology. EWS pilot and full-scale systems developed have shown the ability to treat a 
variety of chlorinated solvents and solvent mixtures with success (Kassenga et al., 2003; 
Amon et al., 2007; Imfeld et al., 2008, 2009, 2010). However, when multiple 
contaminants are present, inhibition is often observed limiting the overall effectiveness of 
such systems. 
Chlorinated hydrocarbons such as chloroethenes (CEs) and chloroethanes, 
historically used in many industrial applications such as degreasers and chemical 
solvents, are widely observed as co-contaminants at many Superfund sites and are subject 
to degradation via dehalorespiring bacteria. In a review on enhanced reductive 
dechlorination at 22 field sites where 1,1,1-trichloroethane (1,1,1-TCA) was present, 18 
of the sites were also found to contain chloroethenes (Scheutz et al., 2011). The 
prevalence of finding CEs and chloroethanes together and utilizing bioremediation as a 
treatment method is of importance due to recorded studies of inhibition between the two 
classes of compounds when dehalorespiration is desired. Chloroethenes, when present are 
known to inhibit the dechlorination of chloroethanes (Grostern et al., 2006, 2009 and to 
inhibit dechlorination of other chloroethenes (Yu et al., 2005). On the other hand, 
chloroethanes also have been observed to inhibit chloroethenes (Duhamel et al., 2002). 
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Recent work on the effect of chloroethenes on 1,1-DCA dechlorination in batch 
studies has indicated that the presence of cDCE and VC do not directly inhibit the 
enzymes responsible for 1,1-DCA dechlorination (Grostern et al., 2009), but may affect 
the availability of compounds necessary for dehalorespiration. The most plausible 
explanation for inhibition is the drawdown of available hydrogen (H2) used as the 
electron donor in the dechlorination of most chlorinated solvents. Dehalococcoides 
(DHC) and Dehalobacter (DHBt) geneses, involved in the dechlorination reactions of 
chloroethenes (Maymó-Gatell et al., 1999) and chloroethanes (Sun et al., 2002; Grostern 
and Edwards, 2006) have both been proven to use H2 in the dechlorination reactions of 
chloroethenes (Lӧffler et al., 2012) and chloroethanes (Holliger et al., 1998; Sun et al., 
2002), respectively. In addition, H2 also serves as the sole electron donor for 
hydrogentrophic methanogens which can often fortuitously cometabolize chlorinated 
solvents and can produce cofactors beneficial for dechlorinator growth (He et al., 2007; 
Johnson et al., 2009). Due to lower half saturation constants for H2 for DHC than 
methanogens (Fennell and Gossett, 1998), methanogenesis often stalls while 
dechlorination proceeds when H2 concentrations are low (Kassenga et al., 2004). If the 
dechlorination of 1,1-DCA in systems is coupled to the growth of methanogens, then the 
drawdown of H2 caused by DHC may stifle 1,1-DCA dechlorination.  
Bioremediation treatment designs that minimize the effects of inhibition while 
maximizing degradation rates are needed when multiple contaminants are present. One 
potential approach for minimizing the possible inhibitory reactions when multiple 
contaminants are present is to design and utilize multiple zones for bioremediation that 
each specialize in the degradation of different classes of compounds.  To test for the 
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effectiveness of using multiple zones for the bioremediation of co-contaminants, a recent 
study (Chapter 2) was undertaken using mesocosm-scale ABR beds, connected in series 
and operated in continuous flow. In the experiments, it was found that the presence of 
chlorinated ethenes such as cis-1,2-dichloroethylene (cDCE) and vinyl chloride (VC) 
coincided with no apparent dechlorination of 1,1-dichloroethane (1,1-DCA), and that 
when dechlorination of 1,1-DCA proceeded, the rate was much less than of cDCE. Rapid 
recovery of cDCE dechlorination when subjected to adverse conditions suggested cDCE-
degrading bacteria were distributed throughout the columns, and may have been actively 
competing for nutrients, despite low concentrations of electron acceptors.  
 The goal of this study was to investigate the spatial distribution of reductive 
dechlorinators as a function of depth in the columns and to determine the role of 
halorespirers and methanogens throughout the column system. Core samples, taken from 
locations where high levels of cDCE or 1,1-DCA dechlorination were observed, were 
used as sources of inocula for a microcosm study to observe if dechlorination would vary 
over depth as a result of different active microbial communities and if 1,1-DCA 
dechlorination would be inhibited in the lower depths of the column. Microcosms created 
from the cores were tested on the ability to degrade 1,1-DCA in the presence and absence 
of cDCE. Microbial analysis of the mixed cultures used to inoculate the columns yielded 
high concentrations of both DHC and DHBt species. In addition to chlorinated solvent 
concentrations, methane levels were also monitored to understand the relationship 
between methanogens and dechlorinators of cDCE and 1,1-DCA.  
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3.2 Materials and Methods 
Microcosm Preparation 
Following a column study (Chapter 2) conducted on the co-degradation of 
compounds cDCE and 1,1-DCA, core samples were taken at top (five inches below the 
influent line) and bottom (three inches above the effluent line) locations of the second 
column corresponding to the zones where largest observed dechlorination occurred in 
compounds cDCE and 1,1-DCA, respectively. The core samples were taken using a ¾ in. 
PVC pipe attached to a vacuum pump. After homogenization, the contents of each core 
were equally distributed to 160 mL serum bottles so that each serum bottle contained 3.5 
grams of its appropriate slurry. Water (< 0.1 mg/L dissolved oxygen) passed through a 
completely saturated column composed of highly-organic compost was added in each 
serum bottle until the total volume of solids and liquids reached 100 mL. For each core 
sample, 2 sets of conditions were prepared in triplicate. One set received 1,1-DCA (1.55 
µmol) and cDCE (1.50 µmol); the other set received only 1,1-DCA (1.55 µmol) (Table 
3.1).  A water control in triplicate was also prepared to account for losses through 
sampling and through the septa over the course of sampling. All serum bottles were 
prepared in an anaerobic chamber and were crimp-sealed with a Teflon-coated silicone 
septum. Different implements were used to collect and process samples from different 
spatial locations in the soil column to avoid cross-contamination. 
1,1-DCA and cDCE were acquired from Supelco in the form of neat (99.9% pure 
assay) compounds and were added through water-saturated stocks previously measured 
for 1,1-DCA or cDCE concentration. cDCE and 1,1-DCA levels were intermittingly 
monitored until dechlorination was observed, then measured routinely approximately 
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every four days. Pure nitrogen (N2) gas (American Air Liquide, Houston, TX) was 
periodically added to the serum bottles to replace the volume of gas extracted for 
sampling. Microcosms were incubated in an inverted position under static conditions and 
stored at approximately 23˚C. 
Previous microbial analysis on the inoculum source used for the columns revealed 
the presence of Dehalococcoides (DHC) and Dehalobacter (DHBt) species which were 
believed to be responsible for chlorinated ethene (CE) and chlorinated ethane degradation 
observed in the column studies. Therefore, degradation observed in the serum bottles was 
attributed to these bacterial sources. 
 
Table 3.1: Location of inoculum and initial concentrations of chlorinated substrates for 
each set of triplicates 
Bottle 
# Source of Inoculum 
1,1-DCA       
[μmol] 
cDCE       
[μmol] 
    1-3 Top core 1.55 - 
4-6 Top core 1.55 1.50 
7-9 Bottom core 1.55 - 
10-12 Bottom core 1.55 1.50 
 
 
Analytical Methods 
Samples were analyzed for VOCs, ethene, and methane using a gas 
chromatography flame ionization detector (Agilent Technologies 6850) equipped with a 
2.4 m x 2.1 mm ID column packed 1% SP by Supelco. The gas chromatograph oven 
temperature was programmed to hold at 60 °C for 1 min, then to increase to 130 at 10 
°C/min.  The carrier gas utilized was helium set to a flow rate of 40 mL/minute in 
conjunction with flow rates of 35 and 100 mL/min for hydrogen and air, respectively. 
Ethene peaks were manually integrated on few occasions due to interference from large 
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methane peaks. Calibration of VC, CA, 1,1-DCA, and cDCE was performed with 
aqueous external standards prepared from neat or methanolic stock solutions (Sigma-
Aldrich, St. Louis, MO). Ethene was calibrated with pure neat gas and methane was 
calibrated with a 1% gas mixture (American Air Liquide, Houston, TX). The gas 
chromatograph was calibrated with stocks prepared with distilled water in the same 
gas:liquid volumetric ratio of the microcosms. 
Degradation Kinetics 
Modeling of 1,1-DCA, cDCE, and VC degradation rate was performed assuming 
degradation followed first-order kinetics: 
( = 
&7(
 (1) 
 
where Ct [ML-3] is the concentration at any time t, Co [ML-3] is the initial 
concentration and k [T-1] is the first-order reaction rate constant. When 1,1-DCA was also 
modeled according to zero-order kinetics, the degradation was modeled using: 
( =  −  (2) 
 
where Ct [ML-3] is the concentration at any time t, Co [ML-3] is the initial 
concentration and k [ML-3T-1] is the zero-order reaction rate constant. 
Thermodynamic Calculations 
The amount of free energy, ∆G˚, obtained from a hypothetical biologically 
mediated reaction was calculated according to the relationship: 
ΔG˚ = ƩΔG "˚1products3 − ƩΔG "˚1substrates3 (3) 
 
for the reaction: organic substrate + H2 → organic product + H+ + Cl-; aqueous Gibbs 
free energy of formation, ∆G˚f, values at 25 ˚C, pH 7 for the organic compounds and 
hydrogen and chlorine ions were taken from Dolfing & Jensen (1994).  
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Statistical Analysis  
 When statistical analysis is reported, 95% confidence intervals were conducted 
using student’s t-test methods. 
3.3 Results and Discussion 
Dechlorination of 1,1-DCA in Absence of cDCE 
Significant differences in 1,1-DCA degradation were observed between the two 
sources of inocula with almost negligible 1,1-DCA dechlorination occurring in the bottles 
inoculated from the bottom core (Figure 3.1). The dechlorination of the set inoculated 
with media from the top of the column was found to follow both first-order and zero-
order kinetics with average reaction rate constants equaling 0.09 ± 0.04 d-1 and 0.60 ± 
0.04 µmol L-1 d-1, respectively; the set inoculated by the bottom core was found to follow 
zero-order kinetics with an average reaction rate of 0.07 ± 0.02 µmol L-1 d-1.  
After 37 days of inoculation, 1,1-DCA levels in the microcosms inoculated with 
the top core decreased by approximately 70% and approximately 74% of removed 1,1-
DCA was recovered as CA. A 10% decrease in 1,1-DCA was observed in microcosms 
inoculated with the bottom core with approximately 85% of the removed 1,1-DCA 
recovered as CA. Subsequent spikes of 1,1-DCA were added to two of the triplicates 
containing the top column inoculum on day 39 with decreases in 1,1-DCA and 
concomitant CA increases occurring in only one of the bottles until the final day of 
sampling (Day 73) (Figure 3.3).  
The observed difference in 1,1-DCA dechlorination between the two sets differed 
from expected results as it was expected the slurry taken at the bottom location of the 
column (where the majority of 1,1-DCA dechlorination was observed) would contain a 
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Figure 3.1: Stoichiometry of dechlorination from 1,1-DCA to CA by sets(n=3) inoculated 
with top and bottom column cores. Standard deviations are >5% of the average 
values and error bars are not shown for clarity. 
 
higher community of 1,1-DCA degrading bacteria and thus possess a higher 
dechlorination rate. However, the 1,1-DCA dechlorinating rate constant for the group 
with the bottom zone inocula was only 12% of the rate constant calculated for the group 
inoculated with the upper portion of the column. It is not suspected the bacteria 
responsible for cDCE dechlorination in the upper portions of the column were also 
responsible for the larger dechlorination of 1,1-DCA as no bacteria has been found 
capable of dechlorinating both compounds.  
The degradation difference between the two sets may have resulted from a much 
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different soil:water ratio utilized than in the saturated columns used in the previous study 
and may have prevented 1,1-DCA degrading microbes from being fully expressed. It is 
also plausible different microbial communities, other than the bacteria responsible for 
cDCE and 1,1-DCA degradation, may have been present in different quantities in the two 
inocula sources and affected dechlorination. The average first-order degradation rate 
constant of 1,1-DCA generated for the bottles inoculated with the top core was found to 
be similar to results found by Sun et al. (2002) and half the value reported by Grostern 
and Edwards (2006). 
Dechlorination of cDCE  
Both sets of triplicates amended with cDCE began dechlorinating cDCE 
following an acclimation period of approximately four days (Figure 3.2). After the 
removal of 1.5 µmol cDCE, all microcosms were re-spiked on day 18 to bring the cDCE 
total mass to 1.42 µmol in each system. The cDCE degradation of the second spike was 
used to generate first-order degradation rates with the top and bottom bottles possessing 
average dechlorinating rates of 0.46 ± 0.02 d-1 and 0.39 ± 0.03 d-1, respectively, which 
would have likely increased with more subsequent spikes of cDCE. No statistical 
difference in dechlorination rate was found between the two sets of microcosms. The 
degradation of VC from days 24 to 50 was used to generate first-order degradation rates 
of VC for the top and bottom bottles with average rates totaling 0.19 ± 0.14 d-1 and 0.12 
± 0.08 d-1, respectively. The difference in VC dechlorination rate between the two sets 
was not found to be significantly significant. The total mass of cDCE in each set reached 
0.02 µmol by day 33 where it remained constant throughout all subsequent sampling. By 
day 73, the average mass of VC in each set was 0.16 µmol (top core inoculum) and 0.38 
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Figure 3.2: Stoichiometry of dechlorination from cDCE to VC and ethene by sets (n=3) 
inoculated with top and bore column cores. Standard deviations for VC and 
ethene are >5% of the average values and error bars are not shown for clarity.  
 
µmol (bottom core inoculum). The drop in ethene seen between days 50 and 56 is due to 
losses incurred during the replacing of the septa for each serum bottle.  
Similar degradation of cDCE between the sets inoculated with different core 
samples indicates a heterogeneous distribution of the dechlorinating populations was 
present throughout the column despite low concentrations of CEs reaching the bottom 
depth by steady state conditions. This concurs with results observed in Chapter 2 where  
dechlorination in the bottom zones was seen after starvation perturbations, reaffirms the 
robustness of the DHC species presumed of degrading cDCE, and is a stark contrast to 
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the different rate kinetics of 1,1-DCA degradation observed for the same sources of 
inocula. Similar cDCE biodegradation rate constants for the different column cores 
contrasts those reported by Kassenga et al. (2004) where after taking core samples of an 
upflow column system fed cDCE, it was found microcosms amended with inoculum from 
the bottom of the column possessed a 48% larger biodegradation rate constant for cDCE 
than microcosms amended with the top core, indicating heterogeneity was not present.  
As little CA was produced in each core set (0.02 µmol by Day 73 for both sets), it 
was not suspected that 1,1-DCA presence had a profound effect on the degradation of 
cDCE and VC aligning with results found by Chan et al., (2011) and agreeing with 
results seen in Chapter 2 where chlorinated ethenes were preferentially dechlorinated 
before 1,1-DCA dechlorination could transpire. The slower dechlorination rate of VC, 
compared to cDCE, is in line with findings previously published when cDCE and VC 
dechlorination occurred by DHC containing consortia (Kassenga and Pardue, 2006; 
Duhamel et al., 2007; He et al., 2007; Amos et al., 2008), but does not necessarily imply 
VC dechlorination was not coupled to growth (Duhamel et al., 2007). It is assumed 
available carbon and hydrogen concentration were not limiting throughout the time frame 
of the study due to increases in methane levels following the degradation of the second 
cDCE spike (Figure 3.4). 
Relationship between Methane Production and 1,1-DCA Dechlorination 
A correlation between methane and CA levels in the sets not amended with cDCE 
was observed (Figure 3.3). In the set of bottles amended with media taken from the 
bottom of the column (Figure 3.3b), increases of CA mass coincided with measured 
increases in methane with the relative difference in CA levels between bottles mirroring 
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the relative difference in methane levels for the same respective bottles. One of the 
triplicates (Bottle #7) inoculated with the bottom core slurry averaged methane levels 
81.4% and 75.0% more than the other two bottles and CA levels 67.9% and 67.7% more. 
The correlation between methane and CA levels was less pronounced in bottles amended 
with the slurry taken from the top of the column (Figure 3.3a); however, the bottle 
containing the highest mass of methane was also found to contain the highest mass of 
CA, and increases and decreases of CA were found to coincide with increases and 
decrease of methane. Decreases in both methane and CA levels on days 6 and 33 were 
due to adding nitrogen to the headspace to replace the volume of gas extracted over the 
past four samples, and the decreases on days 21 and 56 were a result of replacing the 
septa of each bottle. Due to the variability of CA and methane concentrations measured 
between bottles for each unique set of conditions, each bottle was plotted separately 
rather than average the mass of each compound. 
The correlation between methane production and CA formation suggests the 
degradation of 1,1-DCA may have resulted from cometabolic reactions with 
methanogens also fortuitously serving as dechlorinators in addition to producing 
methane. Cometabolism was previously the prevalent theory behind reductive 
dechlorination of 1,1,1-TCA in mixed cultures as used in this study (Bouwer and  
McCarty, 1983; Klecka et al., 1990; McCarty and Semprini, 1994); however, reductive 
dechlorination of 1,1-DCA in pure cultures of DHBt has also been linked to growth (Sun 
et al., 2002). As noted in previous sections, it is believed the bacteria responsible for 1,1- 
DCA dechlorination (DHBt) in Chapter 2 may have not been expressed well in the 
microcosms due to the different soil:water ratios employed in this study. It is also 
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Figure 3.3: Chloroethane and methane levels for individual bottles inoculated with top (a) 
or bottom (b) column media amended with solely 1,1-DCA. 
(a) 
(b) 
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possible DHBt species were responsible for the degradation of 1,1-DCA, but were 
dependent on cofactors produced by methanogens which are similarly required for the 
reductive-dehalogenase enzymes used by DHC species (He et al., 2007; Johnson et al., 
2009). Increases in the growth of methanogens would therefore have increased cofactors 
available to the 1,1-DCA degrading bacteria, possibly explaining the higher levels of CA 
produced when higher levels of methane were observed.  
CE Dechlorination and Methanogenesis  
In the sets amended with cDCE, methane levels decreased following inoculation 
to day 10, whereupon methane levels stabilized until approximately day 23 (Figure 3.4) 
coinciding with the period of primary cDCE degradation (Figure 3.2). Following the 
removal of cDCE, increases in methane levels were recorded for each sample from days 
26 to 51, with methane levels appearing to level off by day 51 for five of the six 
microcosms. Decreases in VC mass and methane production rate on days 18 and 51 are 
attributed to replacing the septa of each bottle, and the decrease in methane production 
rate on day 33 is the result of nitrogen addition to each bottle.  
Due to the increase in methane production following cDCE removal (Table 3.2), 
it was observed simultaneous dechlorination of cDCE and methanogenesis did not occur 
which agreed with results produced by Kassenga and Pardue (2006) and Duhamel et al. 
(2007) due to DHC species out-competing the methanogens for available hydrogen 
(Fennell and Gossett, 1998) and may explain why higher levels of methane were recorded 
at lower depths throughout the column experiments of Chapter 2. The slower degradation 
rate of VC may have allowed for methanogenic growth suggesting the H2 uptake rate 
involved in the dechlorination of VC did not proceed as quickly as the H2 uptake rate  
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Figure 3.4: Average VC and methane levels for sets (n=3) inoculated with top or bottom 
column media amended with cDCE and 1,1-DCA.  
 
coupled to cDCE dechlorination. 
Effect of Spatial Location on Methanogenesis, Dechlorination 
Different levels of methane production and CA dechlorination were observed 
between the two sources of inoculum throughout the timeframe of the study (Table 3.2).  
Methane production was separated into two distinct timeframes to measure (1) 
methanogenesis during cDCE dechlorination (0-23d) and (2) methanogenesis following 
complete cDCE removal until stalls in methane production transpired (23-51d). CA 
production was tabulated from inoculation to day 38 to account for total CA produced 
before re-spikes were added to several bottles. Bottle #1 was not used in average methane 
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analysis as methane levels decreased from day 29 onward, a trend not observed in any of 
the other bottles, indicating oxidation may have occurred. 
 
Table 3.2: CA and methane (CH4) production in selected timeframes for each set of 
conditions. 
 
Core Location              
(Compounds Added) 
Compound produced in timeframe [µmol] 
CA (0-38d) CH4 (0-23d) CH4 (23-51d) 
Top (1,1-DCA) 0.85 ± 0.35 14.23 ± 1.52 19.94 ± 8.59 
Top (1,1-DCA, cDCE) 0.02 ± 0.00 9.22 ± 2.94 28.61 ± 11.45 
Bottom (1,1-DCA) 0.16 ± 0.08 5.75 ± 4.44 7.49 ± 1.52 
Bottom (1,1-DCA ,cDCE) 0.02 ± 0.00 2.71 ± 1.00 19.93 ± 4.21 
 
Of the sets only exposed to 1,1-DCA, the set inoculated from the top core 
produced on average 2.5 times more methane across both timeframes and five times more 
CA than bottles inoculated from the bottom core. Of the sets exposed to cDCE and 1,1,-
DCA, methane production was also higher for the set inoculated with the top core than 
the bottom core, although the difference following cDCE removal was less pronounced 
(28.61 ± 11.45 µmol CH4 versus 19.93 ± 4.21 µmol CH4). When 1,1-DCA was the sole 
electron acceptor, increases in methanogenesis from the first timeframe to the second 
timeframe were not found to be of statistical significance, indicating the inhibition of 
methanogens didn’t occur as did when cDCE was added in addition to 1,1-DCA.  
The higher production of methane in the sets inoculated with the top core suggests 
a spatial heterogeneity of methanogens may have existed throughout the column system 
(Figure 2.2) and that conditions in the upper zones could have been more favorable than 
conditions found at lower depths. If the degradation of 1,1-DCA was linked to methane 
production either through the cometabolism of methanogens or through cofactors 
produced from methanogens, locations, these results imply more effective removal of 
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1,1-DCA would have occurred in the upper portion of each ABR in Chapter 2 if cDCE 
inhibition had not transpired. Interestingly, methane produced in the 1,1-DCA amended 
microcosms was lower than methane produced in the 1,1-DCA + cDCE amended 
microcosms for the second timeframe which may suggest methanogens were more 
capable of producing methane in the presence of VC than in the presence of 1,1-
DCA/CA. 
Inhibition Effect of cDCE on 1,1-DCA Degradation   
In both sets of bottles that received cDCE and 1,1-DCA, an average CA mass of 
0.02 µmol was measured on day 51, which was equivalent to 1% of the mass of 1,1-DCA 
added. Throughout the course of sampling the bottles receiving both cDCE and 1,1-DCA, 
1,1-DCA losses corresponded to losses seen in the water control triplicates indicating no 
dechlorination of 1,1-DCA to CA occurred. The inability of 1,1-DCA to undergo 
dechlorination when cDCE is present coincides with results observed in Chapter 2 where 
significant dechlorination of 1,1-DCA was only observed when cDCE and its daughter 
product VC were converted to ethene.  
The cause behind the inhibition of 1,1-DCA dechlorination by the presence of 
cDCE is not entirely understood. Thermodynamic calculations at standard conditions 
(Table 3.3) illustrate the conversion of 1,1-DCA to CA yields equal amounts available 
energy as does the conversion of cDCE to VC, and the conversion of CA to ethane is also 
thermodynamically equivalent of converting VC to ethene. Therefore, as the reaction 
from 1,1-DCA to CA is exergonic and energy-releasing, other factors must be present to 
prevent or inhibit 1,1-DCA degradation.  
Co-contaminant studies of 1,1-DCA and chlorinated ethenes cDCE and VC by 
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Grostern et al. (2009), in which bacterial cultures capable of only degrading chlorinated 
ethanes were used, suggested CE presence inhibited 1,1-DCA degradation through an 
adverse effect on the enzymes responsible for electron transport. However, the cultures 
used in both Chapter 2 and microcosm study utilized mixed bacterial cultures capable of 
degrading both chlorinated ethenes and ethanes, which may have resulted in a different 
mechanism responsible for the retardation of 1,1-DCA dechlorination. The bacteria 
believed to be responsible for the cDCE and 1,1-DCA degradation observed (DHC and 
DHBt, respectively) are both known to use available hydrogen as the electron donor in 
reductive dechlorinating reactions. Therefore it possible the bacteria responsible for 
cDCE and VC degradation were more adept at scavenging H2 than the bacteria capable of 
reducing 1,1-DCA and inhibited 1,1-DCA degradation through H2 drawdown in addition 
to enzyme inactivation. 
However, even when chlorinated ethenes are not present, CA has proven to be 
relatively recalcitrant to further degradation to ethane, despite favorable thermodynamic 
yields. Few studies have demonstrated dechlorination to ethane is feasible (Holliger et al., 
1990); however, the common persistence of CA at field sites during 1,1,1-TCA 
degradation is evidence of CA often being the terminal product (Scheutz et al., 2011). 
The ability of bacteria to transform VC to ethene and similar thermodynamic yields of 
CA to ethane suggest the enzymes responsible for CA degradation have not evolved as 
have the enzymes responsible for VC degradation. The ability for VC to be formed 
naturally (Keppler et al., 2002) may have necessitated for the creation of enzymes 
responsible for its degradation. Currently, no studies have suggested CA or 1,1-DCA may 
have natural production pathways, and 1,1,1-TCA is also thought not be the product of 
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any natural formations (Winterton, 2000). 
 
Table 3.3: Selected reductive dechlorination and free energy released of reaction. 
Reductive Dechlorination Reaction ∆G˚' [kJ/mol] 
cis-1,2-DCE dechlorination: 
     C2H2Cl2 + H2(aq) → C2H3Cl + H+ + Cl- -139.35 
Vinyl chloride dechlorination: 
     C2H3Cl + H2(aq) → C2H4 + H+ + Cl- -149.42 
1,1-DCA dechlorination: 
     C2H4Cl2 + H2(aq) → C2H5Cl + H+ + Cl- -139.34 
Chloroethane dechlorination: 
     C2H5Cl + H2(aq) → C2H6 + H+ + Cl- -151.80 
Thermodynamic data on compounds taken from Dolfing and Jansen (1994) 
 
Mass Balances 
Mass balances averaged over all samples yielded 99.3% for CEs and ethene and 
94.7% for CAs after correcting for losses measured in the controls. In one of the bottles 
(Bottle #1) containing the top core inoculum and containing only 1,1-DCA, CA was 
found to decrease from 0.56 to 0.10 µmol over the course of 22 days, which reduced the 
overall mass balance for the CAs.  
Implications  
The results of this study imply that 1,1-DCA dechlorination in the upper zones of 
the columns may have been coupled to the production of methane (either through 
cometabolic reactions of methanogens or through beneficial production of cofactors by 
methanogens) and suggest the mechanism behind the inability of 1,1-DCA to degrade in 
the upper zones of the columns was a drawdown of available hydrogen by cDCE-
degrading bacteria. Similar degradation rate constants of cDCE for both cores indicate a 
heterogenic distribution of robust cDCE degrading microorganisms may have been 
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present throughout the column implying these cultures would be suitable dechlorinators 
in bioremediation systems where agitation was likely. The considerable difference in 1,1-
DCA degradation between core inoculums implies faster degradation of 1,1-DCA may 
have occurred in the upper zones of each column if inhibition had not transpired, 
suggesting a multiple bed approach for the degradation of multiple compounds may allow 
for more efficient degradation of each compound once adverse inhibition reactions are 
eliminated. 
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CHAPTER 4: CONCLUSIONS AND RECOMMENDATIONS 
 
4.1 Conclusions 
The results from both the column and microcosms studies indicated chlorinated 
ethenes such as cDCE and VC inhibited the dechlorination of 1,1-DCA when microbial 
populations were present that were capable of degrading cDCE and 1,1-DCA. The exact 
cause for inhibition was not discovered, although it is suspected competition for available 
hydrogen by DHC was likely and that DHC communities were able to drawdown the 
amount of available hydrogen to inaccessible concentrations for the 1,1-DCA-degrading 
bacteria. Ultimately, to promote more effective and quicker dechlorination when both 
classes of compounds appear, more work is required on identifying the bacteria 
responsible for the 1,1-DCA degradation and  in determining the exact mechanism 
behind 1,1-DCA inhibition by chlorinated ethenes . 
The results also indicate the feasibility and effectiveness in utilizing multiple beds 
for bioremediation when multiple compounds are present that may have adverse effects 
on contaminant(s) degradation. Larger 1,1-DCA degradation rate constants measured in 
the microcosms bottles amended with the top core inoculum (in the absence of cDCE) 
suggest the upper portions of each bed may have been more favorable for compound 
degradation. If such is the case, implementing a multiple bed system may allow for more 
effective dechlorination by providing a more beneficial environment for each 
contaminant degradation. The column study did not indicate this trend due to cDCE and 
VC likely inhibiting 1,1-DCA dechlorination in the upper depths of each column; 
however, given appropriate time, it is plausible that complete cDCE dechlorination in 
ABR1 would have increased 1,1-DCA degradation rates in all zones of ABR2. 
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 The perturbations also illustrate redundancy and robustness benefits to designing 
a multiple bed system when appropriate microbial communities are present. In the event 
one bed must be taken offline, dechlorination in the remaining bed is still able to proceed, 
and if exposed to a starvation period of low electron acceptors, the bacteria responsible 
for degrading the chlorinated solvents should prove the capability of recovering to 
dechlorination rates measured before the starvation event.  
4.2 Recommendations for Future Work 
Following continuous flushing of cDCE and 1,1-DCA through the a similar 
column configuration, microcosms should be created in the same manner as Chapter 3, 
but with a higher soil:water ratio to observe if duplicate results would be attained or if 
higher dechlorination rates would be observed with bottles amended with cores from 
lower column depths (where greater 1,1-DCA dechlorination would be expected to occur 
in the column). Simultaneous microbial analysis, along with sampling for compound 
concentrations, should be performed to clarify if 1,1-DCA degradation was a result of 
Dehalobacter species or if the degradation was a result cometabolic metabolism by 
species of methanogens. More column experiments, such as the addition of iron, should 
also be implemented to examine potential enhancements of 1,1-DCA degradation rates 
and increases in overall 1,1-DCA dechlorination.  
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APPENDIX A: STATISTICAL COMPARISONS 
 
A.1 Analysis of mean cDCE dechlorination rate between different core samples 
F-Test Two-Sample for Variances 
  
cDCE degradation rate – 
Bottom Core 
cDCE degradation rate -           
Top Core 
Mean 0.39230 0.45783 
Variance 0.00155 0.00073 
Observations 3 3 
df 2 2 
F 2.12789 
P(F<=f) one-tail 0.31970 
F Critical one-tail 19   
t-Test: Two-Sample Assuming Equal Variances 
  
cDCE degradation rate – 
Bottom Core 
cDCE degradation rate -           
Top Core 
Mean 0.39230 0.45783 
Variance 0.00155 0.00073 
Observations 3 3 
Pooled Variance 0.00114 
Hypothesized Mean Difference 0 
df 4 
t Stat 2.37589 
P(T<=t) one-tail 0.03816 
t Critical one-tail 2.13185 
P(T<=t) two-tail 0.07633 
t Critical two-tail 2.77645   
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A.2 Analysis of mean VC dechlorination rate between different core samples 
F-Test Two-Sample for Variances 
  
VC degradation rate -           
Top Core 
VC degradation rate -      
Bottom Core 
Mean 0.19077 0.11813 
Variance 0.02855 0.00965 
Observations 3 3 
df 2 2 
F 2.95866 
P(F<=f) one-tail 0.25261 
F Critical one-tail 19   
t-Test: Two-Sample Assuming Equal Variances 
  
VC degradation rate -           
Top Core 
VC degradation rate -      
Bottom Core 
Mean 0.19077 0.11813 
Variance 0.02855 0.00965 
Observations 3 3 
Pooled Variance 0.01910 
Hypothesized Mean Difference 0 
df 4 
t Stat 0.64366 
P(T<=t) one-tail 0.27742 
t Critical one-tail 2.13185 
P(T<=t) two-tail 0.55485 
t Critical two-tail 2.77645   
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A.3 Analysis of CH4 produced in the two timeframes for top core with 1,1-DCA 
F-Test Two-Sample for Variances 
  
Methane production [umol] 
(23-51d) Methane production [umol]    (0-23d) 
Mean 19.94140 14.22996 
Variance 147.68862 3.45173 
Observations 2 3 
df 1 2 
F 42.78679 
P(F<=f) one-tail 0.02258 
F Critical one-tail 18.51282   
t-Test: Two-Sample Assuming Unequal Variances 
  
Methane production [umol] 
(23-51d) Methane production [umol]       (0-23d) 
Mean 19.94140 14.22996 
Variance 147.68862 3.45173 
Observations 2 3 
Hypothesized Mean Difference 0 
df 1 
t Stat 0.65952 
P(T<=t) one-tail 0.31441 
t Critical one-tail 6.31375 
P(T<=t) two-tail 0.62882 
t Critical two-tail 12.70620   
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A.4 Analysis of CH4 produced in the two timeframes for bottom core with 1,1-DCA  
F-Test Two-Sample for Variances 
  
Methane production [umol]        
(0-23d) 
Methane production [umol] 
(23-51d) 
Mean 5.74132 7.48810 
Variance 29.43647 3.47473 
Observations 3 3 
df 2 2 
F 8.47158 
P(F<=f) one-tail 0.10558 
F Critical one-tail 19   
t-Test: Two-Sample Assuming Equal Variances 
  
Methane production [umol]      
(0-23d) 
Methane production [umol] 
(23-51d) 
Mean 5.74132 7.48810 
Variance 29.43647 3.47473 
Observations 3 3 
Pooled Variance 16.45560278 
Hypothesized Mean Difference 0 
df 4 
t Stat -0.52738 
P(T<=t) one-tail 0.31291 
t Critical one-tail 2.13185 
P(T<=t) two-tail 0.62582 
t Critical two-tail 2.77645   
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A.5 Analysis of CH4 produced in the two timeframes for top core with cDCE 
F-Test Two-Sample for Variances 
  
Methane production        
[umol] (23-51d) 
Methane production         
[umol] (0-23d) 
Mean 28.60679 9.21603 
Variance 196.48206 12.97355 
Observations 3 3 
df 2 2 
F 15.14482 
P(F<=f) one-tail 0.06194 
F Critical one-tail 19   
t-Test: Two-Sample Assuming Equal Variances 
  
Methane production        
[umol] (23-51d) 
Methane production         
[umol] (0-23d) 
Mean 28.60679 9.21603 
Variance 196.48206 12.97355 
Observations 3 3 
Pooled Variance 104.72781 
Hypothesized Mean Difference 0 
df 4 
t Stat 2.32065 
P(T<=t) one-tail 0.04054 
t Critical one-tail 2.13185 
P(T<=t) two-tail 0.08108 
t Critical two-tail 2.77645   
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A.6 Analysis of CH4 produced in the two timeframes for bottom core with cDCE 
F-Test Two-Sample for Variances 
  
Methane production        
[umol] (23-51d) 
Methane production         
[umol] (0-23d) 
Mean 19.92835 2.71167 
Variance 26.61296 1.50339 
Observations 3 3 
df 2 2 
F 17.70201 
P(F<=f) one-tail 0.05347 
F Critical one-tail 19   
t-Test: Two-Sample Assuming Equal Variances 
  
Methane production        
[umol] (23-51d) 
Methane production         
[umol] (0-23d) 
Mean 19.92835 2.71167 
Variance 26.61296 1.50339 
Observations 3 3 
Pooled Variance 14.05817 
Hypothesized Mean Difference 0 
df 4 
t Stat 5.62381 
P(T<=t) one-tail 0.00246 
t Critical one-tail 2.13185 
P(T<=t) two-tail 0.00492 
t Critical two-tail 2.77645   
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APPENDIX B: REGRESSION ANALYSIS 
  
B.1 cDCE first order degradation rate constant for set inoculated with top core 
Linear Regression  
 
ln(cDCE conc) = 2.562 - (0.458 * Time)  
 
N  = 15  
 
R = 0.972 Rsqr = 0.944 Adj Rsqr = 0.940 
 
Standard Error of Estimate = 0.445  
 
  Coefficient Std. Error t   P     
Constant 2.562 0.199 12.899 <0.001    
k -0.458 0.0309 -14.807 <0.001    
 
Analysis of Variance: 
   DF   SS   MS    F    P   
Regression 1 43.454 43.454 219.247 <0.001  
Residual 13 2.577 0.198    
Total 14 46.031 3.288    
 
Normality Test (Shapiro-Wilk) Passed (P = 0.127) 
 
Constant Variance Test: Passed (P = 0.095) 
 
Power of performed test with alpha = 0.050: 1.000 
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B.2 cDCE first order degradation rate constant for set inoculated with bottom core 
Linear Regression  
 
ln(cDCE conc)  = 2.691 - (0.392 * Time)  
 
N  = 15  
 
R = 0.933 Rsqr = 0.870 Adj Rsqr = 0.860 
 
Standard Error of Estimate = 0.621  
 
  Coefficient Std. Error t   P     
Constant 2.691 0.283 9.524 <0.001    
k -0.392 0.0420 -9.344 <0.001    
 
Analysis of Variance: 
   DF   SS   MS    F    P   
Regression 1 33.713 33.713 87.306 <0.001  
Residual 13 5.020 0.386    
Total 14 38.733 2.767    
 
Normality Test (Shapiro-Wilk) Failed (P = 0.012) 
 
Constant Variance Test: Passed (P = 0.104) 
 
Power of performed test with alpha = 0.050: 1.000 
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B.3 VC first order degradation rate constant for set inoculated with top core 
Linear Regression  
 
ln(VC conc) = 2.376 - (0.191 * T)  
 
N  = 15  
 
R = 0.577 Rsqr = 0.333 Adj Rsqr = 0.282 
 
Standard Error of Estimate = 1.976  
 
  Coefficient Std. Error t   P     
Constant 2.376 0.900 2.639 0.020    
k -0.191 0.0828 -2.550 0.024    
 
Analysis of Variance: 
   DF   SS   MS    F    P   
Regression 1 25.384 25.384 6.504 0.024  
Residual 13 50.739 3.903    
Total 14 76.123 5.437    
 
Normality Test (Shapiro-Wilk) Passed (P = 0.320) 
 
Constant Variance Test: Passed (P = 0.113) 
 
Power of performed test with alpha = 0.050: 0.626 
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B.4 VC first order degradation rate constant for set inoculated with bottom core 
Linear Regression  
 
ln(VC conc)  = 1.947 - (0.120 * Time)  
 
N  = 15  
 
R = 0.473 Rsqr = 0.223 Adj Rsqr = 0.164 
 
Standard Error of Estimate = 1.510  
 
  Coefficient Std. Error t   P     
Constant 1.947 0.684 2.846 0.014    
k -0.120 0.0623 -1.934 0.075    
 
Analysis of Variance: 
   DF   SS   MS    F    P   
Regression 1 8.524 8.524 3.739 0.075  
Residual 13 29.634 2.280    
Total 14 38.158 2.726    
 
Normality Test (Shapiro-Wilk) Passed (P = 0.223) 
 
Constant Variance Test: Passed (P = 0.199) 
 
Power of performed test with alpha = 0.050: 0.428 
 
The power of the performed test (0.428) is below the desired power of 0.800. 
Less than desired power indicates you are less likely to detect a difference when one actually exists. 
Negative results should be interpreted cautiously. 
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B.5 1,1-DCA first order degradation rate constant for set inoculated with top core 
Linear Regression  
 
ln(1,1-DCA conc) = 2.608 - (0.0934 * Time)  
 
N  = 15  
 
R = 0.826 Rsqr = 0.681 Adj Rsqr = 0.657 
 
Standard Error of Estimate = 0.351  
 
  Coefficient Std. Error t   P     
Constant 2.608 0.142 18.395 <0.001    
k -0.0934 0.0177 -5.274 <0.001    
 
Analysis of Variance: 
   DF   SS   MS    F    P   
Regression 1 3.420 3.420 27.812 <0.001  
Residual 13 1.598 0.123    
Total 14 5.018 0.358    
 
Normality Test (Shapiro-Wilk) Passed (P = 0.413) 
 
Constant Variance Test: Failed (P = 0.003) 
 
Power of performed test with alpha = 0.050: 0.982 
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B.6 1,1-DCA zero order degradation rate constant for set inoculated with top core 
Linear Regression  
 
1,1-DCA conc. = 12.406 - (0.602 * Time)  
 
N  = 15  
 
R = 0.872 Rsqr = 0.761 Adj Rsqr = 0.743 
 
Standard Error of Estimate = 1.850  
 
  Coefficient Std. Error t   P     
Constant 12.406 0.748 16.581 <0.001    
k -0.602 0.0935 -6.437 <0.001    
 
Analysis of Variance: 
   DF   SS   MS    F    P   
Regression 1 141.874 141.874 41.438 <0.001  
Residual 13 44.510 3.424    
Total 14 186.384 13.313    
 
Normality Test (Shapiro-Wilk) Passed (P = 0.191) 
 
Constant Variance Test: Failed (P = 0.003) 
 
Power of performed test with alpha = 0.050: 0.996 
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APPENDIX C: TRANSIENT CONCENTRATIONS DURING PERTURBATIONS 
 
C.1 Starvation Perturbation 
 
Figure C.1.1: ABR1 Port 1 
 
 
 
Figure C.1.2: ABR1 Port 2 
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Figure C.1.3: ABR1 Port 3 
 
 
Figure C.1.4: ABR1 Effluent 
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C.2 Breakthrough Perturbation 
 
Figure C.2.1: ABR2 Port 1 
 
 
 
Figure C.2.2: ABR2 Port 2 
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Figure C.2.3: ABR2 Port 3 
 
  
 
Figure C.2.4: ABR2 Effluent 
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APPENDIX D: COLUMN MASS BALANCES 
 
D.1 Starvation Perturbation 
Chlorinated Ethanes Balance Chlorinated Ethenes Balance 
Time Zone 1 Zone 2 Zone 3 Zone 4 Zone 1 Zone 2 Zone 3 Zone 4 
0.00 
3.00 0.96 0.84 0.90 0.52 0.80 0.61 0.60 0.25 
7.00 0.96 0.95 0.87 0.64 0.84 0.80 0.60 0.33 
11.00 0.88 0.90 0.91 0.68 0.91 0.91 0.70 0.38 
14.00 0.98 0.95 0.95 0.66 0.97 0.88 0.95 0.41 
17.00 0.97 0.92 0.91 0.76 0.96 0.86 0.90 0.56 
20.08 1.01 1.03 0.97 0.70 1.00 0.86 0.88 0.41 
23.17 0.94 0.90 0.90 0.66 0.90 0.65 0.61 0.33 
27.13 0.94 0.97 0.95 0.74 0.85 0.80 0.83 0.40 
29.96 1.00 1.01 0.97 0.82 0.95 0.84 0.69 0.51 
33.88 1.02 1.01 1.02 0.76 1.06 0.91 0.86 0.46 
39.00 1.16 1.03 1.00 0.57 
42.17 1.00 1.01 0.96 0.75 0.80 0.58 0.39 
46.92 
50.92 0.93 0.97 0.98 0.84 1.05 1.04 0.95 0.71 
54.13 1.05 1.03 1.05 0.87 1.13 1.09 0.90 0.52 
97.2% 96.2% 94.9% 72.3% 98.5% 86.7% 85.7% 47.9% 
 
D.2 Breakthrough Perturbation 
Chlorinated Ethanes Balance Chlorinated Ethenes Balance 
Time Zone 1 Zone 2 Zone 3 Zone 4 Zone 1 Zone 2 Zone 3 Zone 4 
3.00 0.97 0.89 0.75 0.50 0.81 0.71 0.56 0.33 
5.90 0.99 0.88 0.66 0.42 
8.90 1.01 0.95 0.87 0.59 1.01 0.80 0.60 0.50 
11.90 
15.19 1.13 1.02 0.96 0.60 1.06 0.74 0.66 0.45 
18.19 1.10 1.08 1.11 0.87 1.14 1.23 1.12 0.89 
19.95 1.04 1.10 0.91 1.04 1.21 0.82 
26.04 1.07 1.09 1.17 0.83 1.04 1.33 1.08 0.81 
30.88 1.01 0.93 0.70 0.56 1.04 0.82 0.68 0.45 
33.88 1.02 0.99 0.93 0.55 0.57 0.95 0.61 0.32 
104% 100.7% 92.7% 67.6% 96.7% 96.6% 74.6% 55.4% 
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APPENDIX E: MICROBIAL ANALYSIS 
 
 
Figure D.1: Evidence of Dehalococcoides activity 
 
 
 
Figure D.2: Evidence of Dehalobacter activity 
 
 
 
Figure D.3: Interpretation of Dehalococcoides concentration found 
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